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Summary

Domestic wastewater is treated prior to its return to natural water bodies, to minimize
its polluting effect. Biological wastewater treatment removes organic matter and
nutrients from the wastewater, by employing the activity of microorganisms, which
consume polluting compounds present in wastewater to grow. One of such technologies
is aerobic granular sludge (AGS), which consists of self-immobilized microorganisms
growing in spherical biofilms. The granular structure facilitates the separation between
treated water and the biomass due to its excellent settling properties. This way, energy

and space are saved in comparison to flocculent sludge-based treatment.

Despite its many advantages, the granular structure can pose some challenges too,
particularly regarding the degradation of polymeric substrates. The higher mass-transfer
resistance in granules compared to flocs challenges the degradation of these substrates,
which have a size spanning from a few kDa to several micrometres. Polymeric
substrates, furthermore, need to undergo hydrolysis before microorganisms can take
them up, which is generally a slow process. Most AGS applications rely on microbial
selection driven by the application of a sequencing batch reactor (SBR) cycle. The cycle
consists of an anaerobic substrate feeding and a subsequent aerobic starvation period,
which selects for intracellular polymer-storing organisms, such as polyphosphate
accumulating organisms (PAO) and glycogen accumulating organisms (GAO). Substrates
that experience high mass-transfer limitation and low degradation rates may interfere
with the microbial selection strategy applied to AGS, especially when they are not (fully)
taken up in the anaerobic feeding period and continue degrading aerobically in the next
cycle phase. Some lab-scale studies have reported detrimental effects of polymeric
substrates in AGS structure and activity, while others have managed to maintain a stable
granule bed and suggest that the microbial utilization of polymeric substrates can
contribute to good nutrient removal. The degradation of polymeric substrates by full-
scale aerobic granules is still poorly understood.

To assess the effect of polymeric substrates in full-scale AGS, we monitored the
treatment performance and sludge characteristics in a full-scale AGS installation fed
with an increased particulate load (chapter 2). The sludge characteristics did not
deteriorate during the four months of altered operation, while the large (>1 mm)
granule fraction continued to increase in the reactors. Granules and flocs coexisted in
the reactors, although granules were the main biomass fraction (>80%), and both
fractions exhibited high hydrolytic capacities. During the experiment, excellent effluent
quality was maintained, and denitrification rates increased. Combining these



observations, it appears that particulate substrates were not detrimental to granules
and could be significantly utilized by microorganisms performing biological nutrient
removal.

The hydrolytic capacity of the different components in an AGS reactor was further
studied, and described in chapter 3. Here, we quantified the maximum protease, lipase
and a- and B-glucosidase activities in influent wastewater, reactor mixed liquor, bulk
liquid, large granules (>1 mm), small granules (0.2-1 mm) and flocs (<0.2 mm). Our
results showed that, even though flocs had the highest biomass-specific activity,
granules contained most of the hydrolytic capacity in the AGS reactor. This was
supported by a relatively high biomass-specific activity of granules, and the high
abundance of this biomass fraction in the reactor. The high hydrolytic activities
measured in large granules suggested that they can utilize a significant amount of
polymeric substrate during anaerobic feeding.

In chapter 4, the location of hydrolysis is described in more detail. This study revealed
that hydrolysis is strongly surface-limited in AGS. The surface-specific hydrolytic activity
was similar for all granule sizes in an AGS reactor. Thus, no differentiation was found
between granules of different sizes in terms of hydrolytic activity. Granules of different
sizes did exhibit different enhanced biological phosphorus removal (EBPR) activity and
microbial community composition. For practical applications, the available granule
surface area will determine hydrolysis rates, more than the reported different microbial
community composition of the granules of different sizes. Furthermore, the
microorganisms below the outer 100 pm of the granules are unlikely to utilize polymeric
substrates from the wastewater.

Chapter 5 describes the anaerobic utilization of substrates that may be found in
wastewater or result from hydrolysis of wastewater substrates, including volatile fatty
acids (VFA), amino acids and carbohydrates. Substrate uptake, P release and PHA
accumulation were measured. All studied substrates were consumed, most significantly
VFA, glucose and a mixture of amino acids. Some of the substrates also induced
significant P release indicating an involvement in EBPR. The uptake of proteins
(particulate, colloidal and soluble casein) was further examined and compared to that
of an amino acids mixture. Amino acids were taken up quickly and were associated to P
release and PHA accumulation. Protein uptake was considerably slower; even the
hydrolysis rate of soluble casein was too low to expect a significant amount of proteins
to be stored during one hour of anaerobic feeding. However, the monomers derived
from polymer hydrolysis can be relevant to supplement the VFA found in wastewater,
especially when the wastewater has low or variable VFA content.



On the whole, this thesis demonstrates that aerobic granules can hydrolyse polymers on
their surface or just below the surface, in higher or lower degree depending on the
available surface area and contact time. Considering the substrate concentrations found
generally in the influent of domestic wastewater treatment plants, hydrolysis rates are
low, and hence the contribution of polymeric substrates to EBPR will be limited during
a standard 1-hour anaerobic plug-flow feeding period. Aerobic hydrolysis by the AGS of
the polymers left after the anaerobic feeding phase will also be slow, presumably slower
than anaerobic hydrolysis since the wastewater pollutants are diluted by mixing with
the reactor bulk liquid. The results of this study evidence that polymeric substrates are
not a matter of concern in fully granulated AGS systems, and may be beneficial to the
AGS process if specific conditions are applied to boost their anaerobic uptake.



Samenvatting

Verontreinigingen in huishoudelijk afvalwater hebben een negatief effect op het milieu;
daarom wordt afvalwater behandeld voordat het geloosd wordt op het
oppervlaktewater. Biologische behandeling van afvalwater verwijdert organische
stoffen en nutriénten uit het afvalwater door gebruik te maken van de activiteit van
micro-organismen, die deze stoffen omzetten om te groeien. Eén van de technieken
voor afvalwaterbehandeling is aeroob korrelslib (aerobic granular sludge, AGS), een
slibvorm die bestaat uit zelf-geimmobiliseerde micro-organismen die groeien in
korrelvormige structuren. De korrelvormige structuur vergemakkelijkt de scheiding
tussen behandeld water en biomassa door de uitstekende bezinkingskenmerken van het
slib. Alle processen van de afvalwaterzuivering kunnen in één reactor plaatsvinden,
zonder ingewikkelde recirculatiestromen. Hierdoor wordt energie en ruimte bespaard
in vergelijking met de conventionele actief slib systemen.

Ondanks de vele voordelen kan de korrelstructuur ook voor uitdagingen zorgen, met
name met betrekking tot de afbraak van polymeren, die een grootte hebben variérend
van enkele kDa tot micrometers. De beperkte diffusie van deze stoffen in de korrel, zorgt
voor een ander afbraak mechanisme dan in conventioneel vlokkig slib. Polymeren
moeten bovendien gehydroliseerd worden voordat micro-organismen ze kunnen
opnemen, wat een langzaam proces is. De meeste AGS-systemen maken gebruik van
een sequencing batch-reactor (SBR). De SBR-cyclus bestaat uit het langzaam anaeroob
voeden van het influent in een propstroom vanaf de bodem van de reactor en
gelijktijdige effluent aflaat, en een daaropvolgende aérobe reactie fase, gevolgd door
een korte bezinkfase, waarna weer een nieuwe cyclus begint. Deze opbouw van de
cyclus selecteert voor bacterién die de snel afbreekbare organische stof anaeroob
kunnen opslaan in hun cellen, zoals polyfosfaat-accumulerende organismen (PAQO) en
glycogeen-accumulerende organismen (GAO). Organisch substraat met een beperkte
stof overdracht tijdens de anaerobe fase, en lage afbraaksnelheden, kunnen de
korrelvorming verstoren; vooral wanneer ze niet (volledig) worden opgenomen tijdens
de anaérobe voedingsperiode en tijdens de aérobe periode worden omgezet door snel
groeiende heterotrofe organismen. Sommige studies op laboratoriumschaal hebben de
negatieve invloed van polymeren op de korrelstructuur en -activiteit aangetoond, terwijl
andere studies een stabiel korrelbed wisten te handhaven en een positieve invloed van
polymeren op de nutriéntenverwijdering suggereerden. Echter, de rol van polymeren in
AGS reactoren in praktijkinstallaties is nog steeds slecht begrepen.



Om het effect van polymeren in AGS praktijkinstallaties te begrijpen, hebben we de
zuiveringsprestatie en slibkenmerken gemonitord in de AGS reactoren op RWZI Epe, die
tijdelijk gevoed werden met een verhoogde belasting onopgelost substraat (hoofdstuk
2). De morfologie van het slib verslechterde niet gedurende het vier maanden durende
experiment, terwijl de fractie van grote (>1 mm) korrels toenam in de reactoren. Zowel
korrels als vlokkig slib kwamen samen voor in de reactoren, waarbij de korrels de
belangrijkste biomassafractie vormden (>80%). Beide slibmorfologién vertoonden een
hoge hydrolytische capaciteit. Tijdens het experiment werd een uitstekende
effluentkwaliteit gehandhaafd en nam de denitrificatiesnelheid toe. Deze
waarnemingen suggereren dat onopgelost organisch substraat niet schadelijk was voor
korrelvorming en gebruikt kan worden door de denitrificerende organismen.

De hydrolytische capaciteit van de verschillende slibfracties in een AGS-reactor werd
verder onderzocht en resultaten zijn beschreven in hoofdstuk 3. Hier kwantificeerden
we de maximale protease, lipase en a- en B-glucosidase activiteiten in het influent en in
de reactor. Daarnaast werden de bulkvloeistof, grote korrels (>1 mm), kleine korrels
(0,2-1 mm) en slibvlokken (<0,2 mm) apart geanalyseerd. Resultaten lieten zien dat,
hoewel de vlokken de hoogste biomassa-specifieke hydrolytische activiteit hadden, de
korrels de grootste bijdrage vormden aan de totale hydrolytische capaciteit in de AGS-
reactor. Dit kwam met name door de hoge fractie aan korrels in de reactor,
gecombineerd met een relatief hoge biomassa-specifieke activiteit van de korrels. De
hoge hydrolytische activiteiten gemeten in de grote korrels suggereert dat een
aanzienlijke deel van de gevoede organische polymeren tijdens anaérobe voeding
omgezet en opgenomen kan worden door het korrelsib.

In hoofdstuk 4 wordt de locatie van hydrolytische activiteit gedetailleerder beschreven.
De oppervlakte specifieke hydrolytische activiteit was vergelijkbaar voor alle
korrelgroottes in een AGS-reactor, en dus bepaalt de grootte van het oppervlak van de
korrels de activiteit, en niet de totale biomassa in de korrels. Korrels van verschillende
groottes hadden wel een verschillende microbiéle samenstelling en vertoonden
verschillen in de fosfaatverwijdering. In de praktijk zal echter het oppervlakte van de
korrels bepalender zijn voor de hydrolysesnelheid, dan de verschillen in microbiéle
samenstelling van korrels van verschillende groottes. Bovendien zullen de polymere
substraten niet meer beschikbaar zijn voor de micro-organismen die zich dieper dan 100
um in de korrel bevinden.

Hoofdstuk 5 beschrijft het de anaerobe opname van verschillende organische
substraten, zoals vluchtige vetzuren (volatile fatty acids, VFA), aminozuren en
koolhydraten. Deze substraten staan model voor de hydrolyse producten van de



polymeren die aanwezig kunnen zijn in afvalwater. Substraatopname, P-afgifte en PHA-
ophoping werden gemeten. Alle onderzochte substraten werden anaeroob opgenomen:
met name VFA, glucose en een mengsel van aminozuren vertoonden hoge
opnamesnelheden. Sommige substraten veroorzaakten ook significante P-afgifte, wat
wijst op het gebruik van deze substraten in de fosfaatverwijdering. De opname van
eiwitten (onopgelost, colloidaal en opgelost caseine) werd verder onderzocht en
vergeleken met de opname van een mengsel van aminozuren. Aminozuren werden snel
opgenomen en waren geassocieerd met P-afgifte en PHA-ophoping, terwijl de opname
van eiwitten aanzienlijk trager was. Zelfs de hydrolysesnelheid van opgelost caseine was
te laag om te verwachten dat een significante hoeveelheid eiwitten kan worden
opgeslagen tijdens de anaerobe voeding, die gemiddeld ongeveer één uur duurt. Echter,
monomeren, hydrolyse producten van de polymeren, kunnen wel relevant zijn om de
biologische fosfaatverwijdering op peil te houden, vooral wanneer het afvalwater een
laag of variabel VFA-gehalte heeft.

Over het geheel genomen laat het onderzoek in dit proefschrift duidelijk zien dat
complexer organisch substraat wel degelijk potentie heeft om gebruikt te worden voor
nutriénten verwijdering in aéroob korrelslib. Aérobe korrels kunnen polymeren op hun
oppervlak of net onder het oppervlak hydrolyseren. De effectiviteit is afhankelijk van het
beschikbare korreloppervlak en de anaérobe contacttijd tussen influent en de korrels.
Over het algemeen zijn de substraatconcentraties van de polymere substraten in
huishoudelijk afvalwater relatief laag, wat ook resulteert in relatief lage de
hydrolysesnelheden. Daarom zal de bijdrage van dergelijke substraten aan de
biologische P-verwijdering beperkt zijn. Vooral omdat de anaérobe voedingstijd over het
algemeen relatief kort is. Echter, ook de aérobe hydrolyse van de polymeren die
overblijven na de anaérobe voedingsfase zal ook traag zijn; vermoedelijk trager dan
anaérobe hydrolyse, omdat de verontreinigende stoffen in het afvalwater worden
verdund door menging van de reactortijdens de beluchting. Daarom zal het beschikbare
substraat tijdens de beluchtingsfase beperkt zijn en weinig invloed hebben op de
korrelmorfologie. Polymeren kunnen mogelijk zelfs gunstig zijn voor het AGS-proces als
specifieke procescondities worden toegepast om de anaerobe hydrolyse en opname te

stimuleren.
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Introduction



1.1 | AEROBIC GRANULAR SLUDGE FOR BIOLOGICAL
WASTEWATER TREATMENT

Wastewater is an unavoidable by-product of many human activities. It originates in
different contexts, such as domestic use or industrial processes, and often gets diluted
with rainwater or groundwater (Henze and Comeau, 2008). Wastewater contains
several components that make it potentially harmful for human health, such as
pathogenic bacteria and/or toxic compounds, leading to a threat for public health upon
direct disposal. Furthermore, wastewater is rich in organic matter and nutrients, such as
phosphorus and nitrogen compounds. Microbial consumption of these compounds
leads to oxygen depletion and eutrophication in the receiving water bodies (e.g. rivers),
if their self-purifying capacity is exceeded (Chen et al., 2020; Metcalf & Eddy, 2003). In
the current context of an increasing world population and expansion of cities, efficient
wastewater treatment is essential to protect human health and the environment.

While until the 1970s wastewater treatment focused on particulate and pathogen
removal, it progressively evolved to achieve higher quality standards and improve
environmental protection (Jenkins and Wanner, 2014). Currently, most treatment plants
combine several treatment steps to remove different types of pollutants from
wastewater. Biological treatment is the core process in most plants, where organic
matter, or chemical oxygen demand (COD), is removed by microorganisms cultivated in
a reactor (Chen et al., 2020). Often, the microorganisms additionally remove nitrogen
and phosphorus, which is known as biological nutrient removal (BNR). For many years,
the preferred wastewater treatment system has been conventional activated sludge
(CAS), an aerated treatment based on microorganisms growing in suspension (flocs)
(Jenkins and Wanner, 2014). Even though the CAS process is an established technology,
it has high energy and space requirements. Separating the microbial flocs from the
treated wastewater requires a large surface of sedimentation tanks, and recirculation
pumps that return the settled sludge back to the main reactor. In a global scenario of
increasing concern about climate change, and decreasing space in the urban areas,
alternative technologies to CAS are on demand (Bengtsson et al., 2018; Chen et al., 2020;
de Bruin et al., 2004).

One of such technologies is aerobic granular sludge (AGS), a more compact version of
CAS. AGS was described for the first time during the 1990s, and scaled up in the next
decade in collaboration between TU Delft, Dutch water authorities, and the consulting
and engineering firm Royal HaskoningDHV (de Bruin et al., 2004; De Kreuk, 2006;
Mishima and Nakamura, 1991; Morgenroth et al., 1997; van der Roest et al., 2011).



Today, AGS is operated in full-scale plants under the tradename Nereda®. The basis of
AGS are aerobic granules, a type of carrier-free biofilm with a similar microbial
community as CAS, but with remarkably better settling properties (de Kreuk et al., 2007;
Toh et al., 2003; van Dijk et al., 2020). This enables separating the treated water from
the sludge within the biological reactor, eliminating the need for sedimentation tanks
and a recycle system. As a result, AGS has a considerably lower footprint than CAS (33%
lower), as well as a reduced energy demand (50-75% lower) (Pronk et al., 2015b).
Furthermore, higher sludge concentrations can be maintained, which translate into high
conversion rates. Accordingly, AGS can achieve very low COD, P and N effluent

concentrations.

Figure 1.1. Aerobic granular sludge separated in different size ranges.

1.2 | BIOLOGICAL NUTRIENT REMOVAL AND SBR CYCLE

Nitrogen and phosphorus can be removed from wastewater by microorganisms, if
different redox conditions are provided sequentially.

Phosphorus is removed from wastewater through enhanced biological phosphorus
removal (EBPR). EBPR is achieved by combining anaerobic feast and aerobic famine
conditions, promoting the growth of polyphosphate accumulating organisms (PAO)
(Oehmen et al.,, 2007; Roy et al., 2021; Stokholm-Bjerregaard et al., 2017). During
anaerobic feast conditions, PAO use polyphosphate as an energy source to take up COD
and store it as intracellular storage polymers, such as poly-hydroxyalkanoates (PHA).
During aerobic conditions, PAO consume intracellular storage compounds, and grow.
They also take up phosphate from the medium to replenish their polyphosphate
reserves. An EBPR system enriched in PAO can incorporate 0.06-0.15 mg P/mg VSS,
compared to 0.02 mg P/mg VSS of a non-EBPR system (Chen et al., 2020). The net growth
of PAO results in a net P removal from the medium.



Nitrogen is removed by transforming nitrogenous compounds to N2 and stripping N2
from the wastewater. The combined action of different microorganisms is needed for
this (Ekama et al., 2020). First, NHa" is oxidized to NOs~, known as nitrification. Nitrifyers
are aerobic autotrophs, which oxidize NH4* to NO2~ (ammonia oxidizing bacteria, AOB)
and NO:™ to NOs™ (nitrite oxidizing bacteria, NOB). The oxidation of NH4* to NOs™ can
also be performed directly by comammox bacteria (Koch et al., 2019). Then, NO3™ is
reduced to N2, known as denitrification. Denitrifiers are anaerobic or facultative
heterotrophs, which oxidize COD using NOs™ as their final electron acceptor in the
absence of oxygen. Hence, complete N removal requires the combination of aerobic and

anoxic conditions.

CAS requires several reactor compartments with different redox conditions to remove
COD, N and P. AGS, in contrast, can remove all these compounds in the same
compartment, when operated in a sequencing batch reactor (SBR) mode. The typical
SBR cycle consists of an anaerobic feeding phase, an aerobic reaction phase, settling,
selection spill, and effluent discharge (Bengtsson et al., 2018; Derlon et al., 2016; Pronk
et al., 2015b; van der Roest et al., 2011).

Feeding

O Effluent

"

Settling

Selection
spill  «—

Figure 1.2. Typical SBR cycle employed for full-scale operation of AGS reactors.



Anaerobic feeding. In the anaerobic feeding period, the uptake of COD by PAO is
promoted. Glycogen accumulating organisms (GAOs) also have the ability to store COD
anaerobically, and are present in most plants. GAOs obtain energy from glycogen
instead of polyphosphate, and therefore do not contribute to EBPR (Stokholm-
Bjerregaard et al., 2017).

Aeration. In the aerobic phase, microbial growth occurs, and PAO take PO4> up from the
medium. Nitrification and denitrification also occur in this phase. The microorganisms in
the surface of the granules consume oxygen, creating an oxygen concentration gradient
throughout the granule. The coexisting anoxic and aerobic conditions in the granules
allow simultaneous nitrification-denitrification (SND); denitrifiers in the granule core
consume the NO3™ produced by nitrifiers located in the outer layers. Once the NH4*
concentration has reached the effluent consent, aeration can be turned off to promote
denitrification, if some NOs™ has built up in the medium due to incomplete SND. COD
sources for denitrification can be PHA, in the case of denitrifying PAO and GAOs, or

slowly biodegradable COD (sbCOD) left over.

Settling and selection spill. The settling phase is used to separate the granules from the
treated effluent. Furthermore, settling velocity is used for biomass selection. The slow-
settling sludge is selectively discharged in the spill.

Effluent discharge. The anaerobic feeding and effluent discharge are often combined:
the influent is fed from the bottom of the reactor in a plug-flow, while the effluent is
decanted from the top of the reactor. Plug-flow feeding serves a double purpose. Firstly,
influent and effluent do not mix, keeping the effluent clean. Secondly, high substrate
concentrations during feeding are reached around the sludge bed, settled at the bottom
of the reactor. This promotes deeper substrate penetration into granules, higher
substrate uptake rates and the enrichment of PAO in the granules close to the influent
inlet.

1.3 | GRANULE STABILITY

Developing and maintaining stable granules is one of the major attention points in AGS
treatment. A main strategy to ensure good granulation is the selection of slow-growing
organisms, namely PAO and GAOQ, in the granules (de Kreuk et al., 2007; de Kreuk and
van Loosdrecht, 2004). For that purpose, anaerobic substrate storage by PAO and GAO



is promoted, which is achieved by applying an anaerobic plug-flow feeding regime.
When anaerobic feeding is applied, PAO and GAO have a competitive advantage over
ordinary heterotrophic organisms (OHOs), due to their ability to store substrates and
use them in the subsequent aerobic phase.

Granulation strategies are based on theoretical concepts on biofilm structure. Biofilm
morphology is shaped by diffusion of the substrates into the biofilm, and the growth of
the microorganisms that consume them. If substrate penetration into granules is limited
and a diffusion gradient around the granules exists, microbial growth will occur towards
the liquid, and protuberances will form. For granules to grow densely and smoothly, the
formation of outgrowths on the granule surface has to be avoided or balanced by shear
(Kwok et al., 1998; Tijhuis et al., 1996; van Loosdrecht et al., 1995). Moreover, the
consumption rate of substrates will be low and the substrate can diffuse deeper in the
granule and sustain biofilm growth there. When cells inside the biofilm reproduce, the
biofilm density increases.

The diffusibility of the substrate is equally relevant for biofilm morphology. If the
diffusion of a substrate is slow or consumption rate is high, steep substrate gradients
originate at the granule-liquid interface. Then, different granule areas will have different
exposure to the substrate (Picioreanu et al., 2000a). “Peaks” in the granule landscape
experience higher substrate concentration than “valleys”. Microorganisms will grow
faster in the peaks; especially if their maximum growth rate is high. Consequently, the
granule surface will become more irregular over time, deteriorating the granule
morphology (Picioreanu et al., 2000a). The filamentous outgrowths may ultimately
break and lead to biomass loss and high effluent suspended solids.

P — e

i

__:_/;—72:———__‘—:——__

Y

G

Figure 1.3. Representation of the effect of G (maximum biomass growth rate over maximum
substrate diffusion rate) on biofilm structure (Adapted from Picioreanu et al., 1998). Lines of equal
substrate concentration are depicted in blue. At low G values, smooth biofilms are formed.
Substrate gradients are shallow and substrate is equally distributed throughout the biofilm
surface. At high G values, steep substrate gradients lead to fast growth at the biofilm
protuberances, enhancing the polarized substrate uptake and favouring more filamentous
outgrowths and the development of an irregular granule surface.



In short, in a biofilm where substrate transport is diffusion-based, the rate between the
maximum microbial growth rate and the substrate transport rate will determine the
morphology of the biofilm (Picioreanu et al., 1998). This rate is represented by the
parameter G, where a high G indicates a transport-limited regime and low G a growth-
limited regime. A high G leads to irregular biofilms, while a low G favours smooth, dense
biofilm growth. Hence, a large proportion of substrates with high diffusion coefficients
in the wastewater is beneficial for biofilm stability. Especially, a high concentration of
volatile fatty acids (VFA), such as acetate and propionate, is desirable. VFA, besides
being small molecules with high diffusion coefficients, are the preferred substrates of
many PAO and GAO. PAO and GAO have low growth rates, which further contributes to
the formation of dense granules. Furthermore, the anaerobic substrate uptake by PAO
will not only benefit granule stability, but also contribute to EBPR.

Diffusion rate can be further increased by applying high substrate concentrations during
feeding, by means of a plug-flow feeding (Beun et al., 2002; de Kreuk and van
Loosdrecht, 2004). Increased substrate penetration, besides avoiding filamentous
outgrowths in the granule surface, also ensures that the core of the granules receives
COD. This way, starvation and cell decay at the granule core are avoided, which lead to
weakening of the granules and eventual breakage.

1.4 | AGS AND DOMESTIC WASTEWATER

1.4.1 | Domestic wastewater

Domestic wastewater has a complex composition compared to the synthetic
wastewaters that were originally employed to develop AGS technology. The
composition of domestic wastewater in general is highly variable, and affected by many
factors, such as the origin of the wastewater, the amount of rainfall and infiltration, and
the transformations in the sewer prior to the treatment plant.

The origin of the wastewater affects the size distribution and biodegradability of the
pollutants. For example, many domestic wastewaters contain a proportion of industrial
wastewater. Depending on the source of the industrial wastewater, a higher particulate
COD can be expected, and the dominating biomolecule type will change. For instance,
Sophonsiri et al. (2004) reported a large proportion of proteins in food processing
wastewater, compared to municipal wastewater, and the percentage of particulate COD
was higher too (Sophonsiri and Morgenroth, 2004).



The type of sewer has a strong impact on the composition of the wastewater arriving at
the WTTP too. For example, combined or separate sewers will result in very different
pollutant concentrations. The wastewater will furthermore experience some
conversions during its transport in the sewer. Sedimentation and resuspension affect
the concentration of solids, and the amount of groundwater infiltration affects the
pollutant concentration (Langeveld et al., 2003). In addition, the wastewater
composition is modified by the action of microorganisms, which are transported with
the wastewater particles or are present in a biofilm in the sewer walls. The conversions
will be aerobic or anaerobic depending on the sewer configuration (Hvitved-Jacobsen et
al., 2013, 1999). In gravity sewers the wastewater is transported aerobically most of the
time, and hence COD will be consumed aerobically during transport. In contrast, in
pressure mains anaerobic conditions are created. Anaerobic conversions can also result
in COD consumption if alternative electron acceptors are present (SO4*, NOx), but
generally less COD is consumed than in aerobic conditions (Hvitved-Jacobsen et al.,
1999; Rudelle et al., 2011). Organic matter is then hydrolysed and fermented, increasing
the concentration of VFA and other fermentation products. The degree of these
conversions will vary depending on conditions such as the retention time in the sewer,
and the temperature of the wastewater.

Despite its large variability, it can be generalised that domestic wastewater is low- to
medium- strength, and contains a significant fraction of slowly biodegradable COD
(sbCOD) (Henze et al., 1999). sbCOD includes substrates of a broad size range, from
soluble (<0.45 pm) to settleable (>100 pm). The chemical nature of these substrates is
also very diverse. Most sbCOD in the wastewater can be classified within either lipids,
proteins or polysaccharides (Raunkjeer et al., 1994; Sophonsiri and Morgenroth, 2004).
However, each of these groups comprises biomolecules with very different properties;
for example, cellulose and starch are both polysaccharides but differ in their structure,
and different enzymes are needed for their degradation. The shared property of all these
substrates is that they are polymeric, meaning that they need to be depolymerized prior
to microbial uptake, through hydrolysis (Ferenci, 1980; Hollibaugh and Azam, 1983).
Hydrolysis is a slow process, and has been repeatedly regarded as the rate-limiting step
on the degradation of polymeric substrates (Morgenroth et al.,, 2002). Part of the
hydrolysis can take place in the sewer, increasing the VFA concentration that reaches
the wastewater treatment plant (Hvitved-Jacobsen et al.,, 1995; Yun et al., 2013).
However, often, polymeric substrates are still a major COD fraction in the influent of the
WWTP, and are hydrolysed in the biological reactor. During hydrolysis, readily
biodegradable COD (rbCOD) is slowly released, resulting in low rbCOD concentrations
available throughout the treatment process.



1.4.2 | Domestic wastewater treatment with AGS

While much of the research on AGS has been done with simple substrates such as VFA
or glucose, in the past few years more studies focused on granulation on real or
synthetic complex wastewaters. The low VFA and high sbCOD concentrations of
domestic wastewater make AGS-based treatment more challenging. First, low VFA
availability and a slow release of rbCOD from the hydrolysis of sbCOD during the
anaerobic phase, lead to low anaerobic COD storage by PAO, which could challenge
granulation and EBPR performance. Second, the continuous release of hydrolysates, also
during the aeration phase, will result in a significant roCOD fraction available aerobically.
The low rbCOD concentrations constantly released during aeration could favour the
growth of OHOs, leading to irregular granules and high effluent suspended solids.

Aerobic availability of COD has led to morphological instability in a number of AGS
studies. In reactors operated fully aerobically, granule morphology is compromised
unless a high selection pressure is applied, as well as high shear rates and high dissolved
oxygen (DO) conditions (Beun et al., 2000; Morgenroth et al., 1997; Mosquera-Corral et
al., 2005). In reactors operated with anaerobic feeding, it is easier to maintain granule
stability by promoting anaerobic COD storage. However, wastewaters with high
particulate substrate concentrations can lead to the deterioration of granule
morphology due to aerobic degradation of the particulates. Examples include reactors
fed with domestic wastewater, starch, and synthetic faecal wastewater, where
filamentous outgrowths were developed and the nutrient removal performance was
reduced (Barrios-Hernandez et al., 2020; de Kreuk et al., 2010; N. Schwarzenbeck et al.,
2004; Wagner et al., 2015).

Nonetheless, aerobic COD consumption in AGS does not always lead to instability. Pronk
et al. (2015) proposed that the location of the substrates during their aerobic
degradation is essential to determine their effect on granule structure. So is the growth
rate of the microorganisms involved in the aerobic COD uptake (Pronk et al., 2015a). If
the substrates are adsorbed to the granules prior to their uptake, and if the maximum
growth rate achievable for a substrate is low, a smooth granule morphology can be
maintained.

Other studies also showed that stable granulation can occur in spite of aerobic COD
consumption. A recently developed granulation model pointed that granulation could
occur as long as sufficient COD was stored anaerobically by granules and proto-granules,
and selective sludge wasting was provided (van Dijk et al., 2022). Lab-scale experiments
also confirmed that enough anaerobic COD uptake and flocculent sludge wasting were



enough to counterbalance the detrimental effects of aerobically available COD
(Haaksman et al., 2020).
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Figure 1.4. Representation of the effect of anaerobic and aerobic COD consumption in AGS
morphology (Adapted from Pronk et al., 2015a). High anaerobic uptake, coupled with aerobic
growth throughout the granule (sustained by intracellular storage compounds), leads to smooth
granule growth. In the presence of sbCOD, low anaerobic substrate storage and high aerobic
consumption in the granule surface supports the proliferation of heterotrophs in the granule
surface, and leads to irregular granule morphology. If anaerobic COD storage is enhanced, then
microbial growth occurs deeper in the granules; aerobic consumption of sbCOD leads to floc
proliferation, which are discharged through the selective spill.

Furthermore, various lab and pilot-scale studies have explored different strategies to
improve AGS stability with domestic wastewater-like influents (Cetin et al., 2018; Coma
et al., 2012; Derlon et al., 2016; Layer et al., 2019; Ni et al., 2009; Rocktaschel et al.,
2015; Wagner et al., 2015). Selective sludge withdrawal was identified as an important
factor by various researchers (Derlon et al., 2016; Rocktaschel et al., 2015; Wagner et
al., 2015). Several publications reported improved AGS operation with an extended
anaerobic phase, and attributed it to an enhanced anaerobic COD storage originated
from the hydrolysis of particulates (Barrios-Hernandez et al., 2020; Campo et al., 2020;
Sguanci et al., 2019; Yu et al., 2021). They suggested that anaerobic sbCOD uptake could
be further promoted by mixing the reactor after plug-flow feeding, to distribute



particulates throughout the granule bed (Campo et al., 2020; Rocktaschel et al., 2015).
Likewise, promoting anaerobic COD uptake by extending the anaerobic period and
improving the particle-sludge contact via anaerobic mixing have been successfully
applied to control filamentous bulking in CAS plants (Caluwé et al., 2022; Meunier et al.,
2016). This strategy, besides limiting filamentous bulking, led to partial granulation in
these systems.

The mentioned studies contribute to improving AGS operation, but still the mechanisms,
location and rates of sbCOD consumption remain largely unknown. Given that the
anaerobic and aerobic COD uptake impact the stability of the AGS process, a better
understanding of the conversions of polymeric and particulate substrates on AGS
reactors is needed.

1.5 | POLYMERIC SUBSTRATE UTILIZATION BY AGS
MICROORGANISMS

Elucidating the utilization of polymeric substrates by AGS microorganisms requires an
improved understanding of hydrolysis and the subsequent hydrolysate uptake. The
mechanisms pertaining the microbial conversion of polymeric substrates have been
studied to a certain degree in activated sludge, and to a lower extent in AGS.

1.5.1 | Hydrolysis

The rate of hydrolysis will determine what fraction of the polymeric COD is available to
AGS microorganisms, anaerobically and aerobically. Most mathematical models used for
wastewater treatment describe hydrolysis as a factor of enzyme concentration as well
as substrate concentration, following first order or Michaelis-Menten kinetics
(Morgenroth et al., 2002). These models are based on empirical data and can generally
describe, among others, organic matter conversions observed in full-scale plants. The
hydrolysis kinetics in aerobic granular sludge may differ from activated sludge kinetics,
given that granule surface area may become an important factor influencing hydrolysis
kinetics. CAS studies found enzymes to be mainly associated to the cells or their
surrounding EPS, and therefore polymer hydrolysis requires direct contact between the
substrates and the sludge. Granules are more rigid and present higher mass transfer
resistance than flocculent sludge, which breaks and coagulates constantly. That is why
it can be expected that hydrolysis rates will be lower in AGS compared to CAS, and
especially particulates will be better captured in flocculent sludge. This has led to the



hypothesis that the flocculent sludge fraction in AGS reactors is important for the
conversion of particulate substrates (Alves et al., 2022; Layer et al., 2019). Ranzinger et
al. (2020) followed the distribution of particulates in the AGS bed during plug-flow
feeding, concluding that the attachment of particulates to granules was limited, but it
improved with mixing (Ranzinger et al., 2020). In a subsequent publication, they
reported that particulate retention increased when flocs were present in the sludge bed,
suggesting that the flocs captured particulates due to their open structure (M. Layer et
al., 2020). Therefore, flocs are likely to be involved in sbCOD capture and hydrolysis,
although their hydrolytic activity has not been quantified yet. Similarly, it is yet to be
elucidated whether granules significantly contribute to the hydrolysis of polymeric
substrates. Granule diameter could then be important for hydrolysis since it determines
the relative granule surface area, which in turn influences mass transfer.

1.5.2 | Microbial uptake of hydrolysates

Following hydrolysis, the resulting hydrolysates may be utilized by different
microorganisms. With a focus on EBPR and granule stability, anaerobic storage of
hydrolysis products by PAO or GAO is desirable. Besides the classical PAO and GAO
genera Ca. Accumulibacter phosphatis (from now on referred to as Ca. Accumulibacter)
and Ca. Competibacter phosphatis (from now on referred to as Ca. Competibacter), in
the last years other putative PAO and GAOs have been identified, such as Tetrasphaera,
Dechloromonas, Microlunatus, Propionivibrio, Defluviicoccus or Micropruina, among
others (Nielsen et al., 2019; Roy et al., 2021; Stokholm-Bjerregaard et al., 2017). The
diversity of microorganisms able to anaerobically store substrates broadens the
substrate uptake range of EBPR sludge, allowing the utilization of not only VFA but also
other monomers derived from hydrolysis. For instance, glucose derived from
polysaccharides or amino acids derived from proteins can be anaerobically utilized by a
variety of PAO and GAO (Kristiansen et al., 2013; Nielsen et al., 2019; Stokholm-
Bjerregaard et al., 2017). Since different microorganisms may be favoured in the
presence of VFA or other monomers, the type of the rbCOD in the influent wastewater
shapes the microbial community in AGS (Dockx et al., 2021; Layer et al., 2019). The
composition and metabolism of the PAO and GAO community could have an impact on
nutrient removal; for instance concerning denitrification or EBPR. The substrate uptake
range in combination with the microbial community of full-scale aerobic granules have
not been studied in detail yet, and deserve further attention.



1.6 | SCOPE OF THIS THESIS

As mentioned above, it is unclear how AGS utilizes polymeric substrates, and their
effects on process performance and granule morphology are not well understood yet.
To improve the understanding of the fate of this wastewater fraction in AGS reactors,
this thesis explores the potential of full-scale aerobic granules to convert polymers.

Chapter 2 follows the effects of increasing the particulate COD load on full-scale AGS.
This chapter explores if the added particulates result in increased granular sludge
production, while monitoring the structural stability of granules. Furthermore, it
assesses whether the sludge generates hydrolytic capacity when faced with increased
polymeric substrate concentrations, and identifies shifts in the microbial community of
granules and flocs upon the influent change.

Chapter 3 studies the distribution of the hydrolysis capacity in full-scale AGS reactors.
Using polymeric substrates labelled with chromogenic molecules, the hydrolytic
capacity of the reactor mixed liquor is quantified. The hydrolytic potential of the main
fractions composing the mixed liquor is also assessed, by fractionating it into large
granules (> 1 mm), small granules (0.2-1 mm), flocs and bulk liquid. The hydrolytic
activity attached to the influent particulates is also quantified. The results of these
analyses are used to evaluate the likelihood of different biomass fractions to consume
polymeric substrates during the anaerobic feeding phase.

Chapter 4 focusses on hydrolysis on single granule level, studying its location and the
surrounding microbial populations. To do so, fluorescently labelled casein and starch are
dosed to granules, to subsequently visualize hydrolytically active areas through
fluorescence microscopy. This chapter also compares the biomass-specific hydrolytic
activity and the hydrolytically active locations in granules of different size sampled from
the same reactor, ranging from 0.5 to 4.8 mm. The effects of relative surface area and
biomass segregation on hydrolytic activity are evaluated.

Chapter 5 investigates anaerobic substrate uptake by AGS. This chapter explores the
uptake of polymeric substrates and monomers (which may be present in wastewater or
originate from the hydrolysis of polymers). The anaerobic substrate uptake range of
granules is screened through batch tests first, by measuring the uptake of various
organic compounds and the associated P release and PHA formation. Then, casein is
chosen as a model substrate to study protein uptake. The uptake rate of soluble,
colloidal and particulate casein is quantified, and compared with the uptake rate of
amino acids and acetate. The results are used to make considerations about granule
stability and EBPR in AGS grown in complex wastewater.

Finally, chapter 6 gives the concluding remarks of this thesis and suggests a prospective
outlook for this research field.
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ABSTRACT

High concentrations of particulate COD (pCOD) in the influent of aerobic granular sludge
(AGS) systems are often associated to small granule diameter and a large fraction of
flocculent sludge. At high particulate concentrations even granule stability and process
performance might be compromised. However, pilot- or full-scale studies focusing on
the effect of real wastewater particulates on AGS are scarce. This study describes a 3-
month period of increased particulate loading at a municipal AGS wastewater treatment
plant. The pCOD concentration of the influent increased from 0.5 g COD/L to 1.3 g
COD/L, by adding an untreated slaughterhouse wastewater source to the influent.
Sludge concentration, waste sludge production and COD and nutrient removal
performance were monitored. Furthermore, to investigate how the sludge acclimatises
to a higher influent particulate content, lipase and protease hydrolytic activities were
studied, as well as the microbial community composition of the sludge. The composition
of the granule bed and nutrient removal efficiency did not change considerably by the
increased pCOD. Interestingly, the biomass-specific hydrolytic activities of the sludge did
not increase during the test period either. Protease activity of the mixed liquor was
0.015+0.005 mmol Tyr eq gVS? h'! before operation change, and and 0.015+0.003 mmol
Tyr eq gVSt h'l after operation change; lipase activity was 0.1+0.02 mmol palmitate gVvs
! h'l before operation change, and 0.1+0.02 mmol palmitate gVS? h' after the change.
However, already during normal operation the aerobic granules and flocs exhibited a
hydrolytic potential that exceeded the influent concentrations of proteins and lipids.
Microbial community analysis also revealed a high proportion of putative hydrolysing
and fermenting organisms in the sludge, both during normal operation and during the
test period. The results of this study highlight the robustness of the full-scale AGS
process, which can bear a substantial increase in the influent pCOD concentration during
an extended period.



2.1 | INTRODUCTION

Aerobic granular sludge (AGS) technology is currently applied in more than 80 plants
over the world treating domestic and industrial wastewater, under the tradename
Nereda® (Royal HaskoningDHV, Amersfoort, The Netherlands). AGS offers various
advantages in comparison to conventional activated sludge systems, including lower
space and energy requirements (de Bruin et al., 2004). Furthermore, the granular sludge
offers a number of resource recovery options (Amorim de Carvalho et al., 2021). The
technology is operated as a sequencing batch reactor (SBR) consisting of simultaneous
anaerobic plug-flow feeding and effluent withdrawal, followed by aeration and settling
(Pronk et al., 2015b). The anaerobic feeding regime ensures anaerobic uptake of the
readily biodegradable COD (rbCOD) by slow-growing organisms, which store this COD
intracellularly and oxidise it in the subsequent aerobic phase (de Kreuk et al., 2005). This
way, slow-growing organisms such as polyphosphate accumulating organisms (PAQO) and
glycogen accumulating organisms (GAO) are favoured over ordinary heterotrophic
organisms (OHO), which results in smooth granule growth (de Kreuk and van Loosdrecht,
2004).

In addition to rbCOD, domestic wastewater and many industrial wastewaters contain a
large fraction of slowly biodegradable, particulate COD (pCOD) (Karahan et al., 2006;
Ravndal et al., 2018; Sophonsiri and Morgenroth, 2004). This COD fraction may provide
additional substrate for nutrient removal and granular sludge production, from which
resources could be recovered ultimately. On the other hand, it could challenge the
stability of the AGS process, due to the inability of PAO and GAO to consume more
complex COD directly; pCOD needs to be extracellularly hydrolysed to rbCOD, after
which it can be assimilated by the microorganisms in the sludge (Morgenroth et al.,
2002). Hydrolysis is often regarded as rate-limiting in the degradation of particulates
(Gujer et al., 1999; Henze et al., 1986). It relies on contact between the substrate and
hydrolytic enzymes, which are mainly reported to be biomass-bound (Frglund et al.,
1995; Goel et al., 1998a; Karahan et al., 2006). In activated sludge, the open floc
structure allows good contact between sludge flocs and pCOD, rendering a continuous
and homogeneous release of rbCOD throughout the floc (Martins et al., 2011). In
contrast, the dense biofilm structure of AGS limits the accessibility of pCOD to hydrolytic
enzymes in the sludge. Such mass-transfer limitation has induced irregular granule
growth and deterioration of granule stability in lab-scale reactors fed with high influent
particulates (de Kreuk et al., 2010; Mosquera-Corral et al., 2003; Schwarzenbeck et al.,
2005). This is attributed to hydrolysis of pCOD into rbCOD during the aeration phase on
the granule surface, leading to substrate concentration gradients and aerobic rbCOD



consumption by fast-growing OHO (Picioreanu et al., 2000b). Nevertheless, AGS has
been cultivated successfully on domestic wastewater (Cetin et al., 2018; Derlon et al.,
2016), high-strength industrial wastewaters (Morales et al., 2013; Stes et al., 2021;
Yilmaz et al., 2008) and faecal sludge-containing wastewater (Barrios-Hernandez et al.,
2020). Even though the influent to these reactors contained a high concentration of
particulates, no filamentous outgrowth was observed. However, these studies reported
much higher effluent suspended solids than generally achieved in the effluent of full-
scale Nereda® reactors or found a flocculent sludge fraction accompanying the AGS.
Overall, the sludge bed consisted of smaller granules compared to lab reactors fed with
synthetic media containing solely rbCOD in all reported lab- and pilot-scale experiments.
Layer et al. (2019) hypothesised that the flocculent sludge fraction benefitted the AGS
process, by capturing influent pCOD and avoiding its aerobic degradation at the granule
surface. Haaksman et al. (2020), similarly, proposed that rbCOD leakage to the aerobic
phase mainly results in flocculent sludge growth, which has to be discharged regularly
in order to maintain a stable granule bed. These studies suggest that AGS can adapt well
to high concentrations of pCOD in the wastewater when suitable operating conditions
are employed. Moreover, they suggest that granule stability is supported by an
equilibrium between different biomass fractions within the AGS reactor. However,
reports on full-scale AGS treating particulate-rich wastewater are scarce and they do not
focus on the removal of pCOD. Thus, the effect of pCOD on granule stability and sludge
bed composition at full-scale remains elusive. Furthermore, little is known about the
enzymatic activity and microbial community of full-scale AGS cultivated on high influent
pCOD concentrations.

To study the effect of particulates on AGS stability, a full-scale study was conducted at
wastewater treatment plant (WWTP) Epe, the Netherlands, equipped with three 4500
m?3 reactors. The Nereda® reactors were operated with an increased influent COD load
during a 4-month period (4 March—11 July 2019). The extra influent COD originated from
the temporary discharge of untreated wastewater of a nearby slaughterhouse and
consisted mainly of pCOD (71-86% of the total COD). During the experimental period,
sludge growth, granule size and morphology and plant performance were monitored.
Furthermore, the hydrolytic enzyme activity of the sludge was monitored to study its
location (granular or flocculent sludge) and to compare the hydrolysis rates during
operation with and without this additional untreated slaughterhouse wastewater. In this
case, 16S rRNA gene amplicon sequencing was used to identify the main organisms in
the sludge, and to detect shifts in the microbial community during increased pCOD
loading. In this way, the present study aimed to assess the robustness of full-scale AGS



reactors faced with an increase in influent particulate content, while exploring the
involvement of different sludge fractions in the removal of particulates.

2.2 | MATERIALS & METHODS

2.2.1 | Description of the plant and additional influent dosing

WWTP Epe, operated by the Water Authority Vallei en Veluwe, treats the wastewater
of the municipality of Epe (The Netherlands) and its surroundings. The wastewater is
pre-treated with 3 mm screens and grit removal and treated in three 4500 m3 AGS
reactors with a diameter of 25 m and a depth of 9.2 m, designed and built by Royal
HaskoningDHV. The reactors are operated in SBR mode with simultaneous anaerobic
feeding/effluent discharge, aeration and settling. The wastewater is fed from the
bottom of the reactor in a plug-flow regime, at an average upflow velocity of
approximately 1 m h™1. At the end of the settling phase, the slowest settling sludge is
removed selectively. The influent of WWTP Epe is a mixture of domestic (70%), and
industrial (30%) wastewater mainly originating from slaughterhouses. Wastewater
composition is summarised in Table 2.1. The wastewater is treated to reach the effluent
consents summarised in Table 2.2. The plant was designed to treat an average flow of
8000 m? d%, and a load of 59,000 population equivalents (PE). Nevertheless, the
conditions at the time of the study have not reached the design values: the average flow
is approximately 5000 m? d™* and the load is 35000 PE.

In the period 4 March—11 July 2019, the wastewater of a nearby slaughterhouse was
discharged untreated to the municipal sewer network leading to WWTP Epe. The
additional influent increased the substrate loading to the Nereda® reactors, approaching
the design values. The objective was to enhance the growth of granular sludge while
maintaining good pollutant removal performance. In a regular situation, the
slaughterhouse treats its own wastewater using a dissolved air flotation (DAF) system.
The treatment involves addition of coagulants and removal of solids by flotation,
removing 80-90% of the COD of the wastewater. The treated wastewater, mostly
composed of soluble COD, is discharged to the municipal sewer network and arrives at
WWTP Epe, at approximately 500 m distance. During the test period, in-house
treatment was stopped and concentrated raw wastewater was discharged, with a high
content of suspended solids (see Table 2.1). The wastewater was continuously
discharged during 12 h per day, with an average flow of 300 m3 d™! and a maximum flow
of 50 m3 h2,



Table 2.1 Influent composition of WWTP Epe during normal operation and during the test period.
Values are expressed as average + standard deviation. Routine measurements: normal operation
n =79; test period n = 21. Occasional miscellaneous analysis: normal operation n = 6; test period

n= 3. Asterisks denote significant changes (* = p < 0.05; *** = p < 0.001).

Normal Operation  Test Period Significance

Routine measurements

tCOD [g m~3] 840+ 254 1456 + 692 oAk

TSS [g m-3] 317 +123 633 + 361 ok

BODs [g m™3] 341+ 109 537 +249 oAk

TN [g m3] 77+21 101 + 39 *ak

TP [g m™3) 8+2 13£5 ok

Q [m3/d] 4696 + 2099 5229 + 3418

COD/N [g/g] 11+3 14+4 ok

COD/P [g/g] 101 +15 117 £ 24 ok
Occasional miscellaneous analysis

tCOD [g m™3] 864 + 274 1713+ 572 *

sCOD [g m~3] 339+129 386 + 49

Acetate [g COD m3] 82 +59 43 +37

Propionate [g COD m~3] 14 +12 16+17

Lipids [g COD m-3] 45+ 20 290+ 77 *

Total carbohydrates [g COD m~3] 274 £ 155 538 + 125

Total proteins [g COD m~3] 90+11 162 +53

Soluble carbohydrates [g COD m3] 18+1 212

Soluble proteins [g COD m~3] 20+7 33+23

2.2.2 | Sampling and sample handling

For this study, reactor mixed liquor samples and influent wastewater samples were
collected. The samples were collected during two phases: before the test period (in a
stretch of 5 months), and during the final week of the test period.

Influent wastewater

Influent wastewater was collected using a flow-proportional 24-hour sampler, after
screening and grit removal. The samples were stored at 4 °C in the sampler chamber,
and then transported to the lab for analysis. Part of the wastewater was filtered using a
vacuum filter device to characterize the particulate size-fractions. Sequential filtering
was performed using filters with the following pore sizes: 100 um, 10 um, 1 um and 0.1
um (Product details: 100 pm: stainless steel mesh (Anglo Staaal, Borne, The
Netherlands); 10 um: Cyclopore®, polycarbonate [PC], 1 um: Whatman® GF/B, glass



fibre; 0.1 um: Cyclopore®, PC. Whatman, Buckinghamshire, UK). The filtrate of each step
was collected and stored for analysis. A small sample was also filtered through 0.45 um
for soluble COD (sCOD) analysis (Durapore?® filters, PVDF. Merck, Darmstadt , Germany).
Samples were preserved at 4 °C for short-term storage, and -20 °C for long-term storage.

Reactor mixed liquor

Reactor mixed liquor was sampled to study hydrolytic activity and sludge characteristics.
Mixed liquor samples were collected during the aeration phase, at least 40 min after the
beginning of aeration to ensure a completely mixed sample. Sieve fractions of the mixed
liguor were obtained by pouring the mixed liquor through a stack of sieves of 0.045, 0.2
and 1 mm, and gently rinsing with tap water. The fraction smaller than 0.045 mm was
centrifuged and the supernatant was kept. The following fractions were collected: mixed
sludge; bulk (<0.045 mm fraction, centrifuged); flocs (0.045-0.2 mm); and granules (>1
mm). The fraction between 0.2 and 1 mm was excluded from analysis due to its high
amount of debris and heterogeneous composition.

2.2.3 | Analytical methods

Several measurements were performed on the influent and its size fractions, as well as
the two samples of slaughterhouse wastewater. TSS and VSS were measured according
to the Standard Methods (APHA, 2005). Volatile fatty acids (VFA) acetate and propionate
were quantified using high performance liquid chromatography (HPLC) with an Aminex
HPX-87H column from Bio-Rad (Hercules, CA, USA). tCOD was measured using
photochemical test kits from Hach (Dusseldorf, Germany). sCOD was determined by
measuring COD in the wastewater filtered through 0.45 pum. Particulate COD (pCOD) was
calculated as tCOD minus sCOD. Proteins were quantified using the modified Lowry
method (Frglund et al., 1995). Carbohydrates were quantified using the anthrone-
sulfuric acid method (DuBois et al., 1956). Lipids were measured by Merieux
Nutrisciences (Resana, Italy) using the gravimetric method.

Sludge was inspected using a Keyence VHX-700F digital microscope (Mechelen,
Belgium). The TS and VS of the sludge used in activity assays were determined according
to the standard Methods (APHA, 2005).

2.2.4 | Hydrolytic enzyme activity tests

Lipase and protease enzyme activities of the sludge were assessed in the mixed sludge,
granules, flocs and bulk liquid. The enzyme assays were performed within 8 h after
sampling. The procedure of the assays is described in detail in Toja Ortega et al., 2021a.



In short, the sludge was incubated with chromogenic substrates, in anaerobic vials with
a sampling port. The assay was conducted at 20 °C, pH 7.5 and at fully mixed conditions,
using a Fisherbrand Seastar orbital shaker (Thermo Fisher Scientific, Waltham, USA)
running at 120 rpm. The vials were flushed with N2 gas for 2 min to provide anaerobic
conditions. The substrates used were azocasein for the protease assays, and p-
nitrophenyl-palmitate (oNP-palmitate) for the lipase assays (Sigma-Aldrich, Darmstadt,
Germany). The assay vials were sampled every 15-30 min and the samples were filtered
through 0.45 um with a syringe filter to remove biomass. 1 mL sample was mixed with
1 mL TCA to stop enzyme activity. Samples were stored at -20 °C until analysed, and
then thawed, centrifuged and filtered through 0.45 um. The filtrate was mixed on a 1:1
proportion with NaOH 2M and its absorbance was measured, at 410 nm in the lipase
assay and 440 nm in the protease assay. The increase in absorbance over time was
translated to substrate hydrolysis rate, as described in Toja Ortega et al., 2021a. The
sludge-specific activity was calculated considering the sludge concentration in the vials.
Finally, the total activity contained in the reactor was calculated by multiplying the
specific activity of each sludge fraction by its abundance in the reactor.

2.2.5 | Routine measurements

Routine influent and effluent measurements were conducted by a certified lab and
provided by Water Authority Vallei en Veluwe. These included: COD, biological oxygen
demand (BODs), total nitrogen (TN), total phosphorus (TP), total suspended solids (TSS),
ammonia nitrogen (NHs-N), nitrate/nitrite nitrogen (NOx-N) and flow. As were the
excess sludge production, long-term reactor sludge concentration and granule size

distribution measurements.

In addition to influent and effluent composition, key performance indicators (KP1) were
used to follow reactor performance during the SBR cycle. Online samplers measure
nutrient profiles during the AGS cycle (NH4-N, NOs-N, POs-P, dissolved oxygen [DO]).
Measurement data were retrieved from the Aquasuite Nereda® controllers (Royal
HaskoningDHV, Amersfoort, The Netherlands) and provided by Royal Haskoning DHV.

2.2.6 | Microbial population analysis

Sludge processing and DNA extraction

The mixed sludge and sludge sieve fractions were homogenised using a Potter-Elvehjem
tissue grinder to ensure a representative sludge sample for DNA extraction. The
homogenized sludge was transferred to 1.5 mL Eppendorf tubes (Eppendorf, Hamburg,



Germany) and centrifuged in a microcentrifuge (Eppendorf, Hamburg, Germany) at
14,000 g for 5 min. Around 30 mg of pellet were added to extraction tubes from the
FastDNA spin kit for soil (MP Biomedicals, Irvine, CA, USA). The DNA was extracted
following the protocol optimized by Albertsen et al., (2015) for activated sludge samples.
Each sample was extracted three times, to improve the recovery of the DNA of all
microorganisms in the samples (Feinstein et al., 2009; Jones et al., 2011). The
concentration of the extracted DNA was measured using a Qubit dsDNA HS assay kit
(Thermo Fisher Scientific, Waltham, MA, USA).

16S rRNA gene amplicon sequencing and data analysis

The 16S rRNA gene was amplified and paired-end sequenced in an llumina NovaSeq
6000 platform by Novogene (Beijing, China). The hypervariable regions V3-V4 were
amplified and sequenced, using the primer set 341F [5'-CCTAYGGGRBGCASCAG-3'] and
806R [5'-GGACTACNNGGGTATCTAAT-3’]. The raw reads were deposited in the National
Center for Biotechnology Information (NCBI) Sequence Read Archive (SRA) on BioProject
PRINA746138.

The trimmed and merged sequences provided by Novogene were processed using
QIIME2, version 2020.2 (Bolyen et al., 2019). The sequences were quality-filtered using
Deblur (Amir et al., 2017), trimming the sequences the 3’ end at position 403 (parameter
p-trunc-len). The remaining sequences were assembled into a phylogenetic tree to
perform diversity analyses, using the g2-phylogeny plugin. Beta diversity metrics (Bray—
Curtis and Unweighted Unifrac) were generated, and differences in beta diversity
between sludge types and experimental conditions were analysed using PERMANOVA
(Anderson, 2001). A p-value of 0.05 was used as cut-off for significance. Finally,
taxonomic affiliation of the sequences was determined by aligning the sequences to the
MIiDAS 3.6 database (Nierychlo et al., 2020). Sample subsetting, visualization and further
statistical analysis was performed in R, using the Phyloseq and Ampvis2 packages
(Andersen et al., 2018; McMurdie and Holmes, 2013). Abundant taxa were defined as
taxa with 1% abundance or more. Per sludge type, significant differences in abundant
taxa before and after the test period were determined through t-tests. A Bonferroni-
corrected p-value was used, of 0.01 divided by the number of abundant taxa per sludge

type.



2.3 | RESULTS

2.3.1 | Additional influent dosing and changes in influent

composition

During the test period, the influent COD concentration almost doubled (from 840 to
1460 g m™3). The pCOD, in particular, increased from 525 to 1327 g m~3, along with the
TSS content, which increased from 317 to 633 g m™. Table 2.1 summarizes the
characteristics of the influent to the wastewater treatment plant of Epe, before and
during the addition of the untreated slaughterhouse wastewater. The VFA content in
the influent was very variable, and the average VFA concentrations before and after the
test period did not significantly change (p = 0.39). The sCOD measurements did not
indicate an increase in soluble compounds in the wastewater either. Furthermore,
particle size measurements of the influent showed that the extra COD during the test
period came in the fractions between 1 and 100 um, especially in the size fraction of 10
to 100 um (Supplementary information, Figure S2.1). The smallest COD fraction (<0.1
um) had an average concentration of 260 + 92 g m™3. before the test period, and 331 +
61 g m~3 during the test period. However, the differences on this size fraction between
both situations are not statistically significant (p = 0.11). From the macromolecules
quantified (proteins, carbohydrates and lipids), lipid concentration increased most, from
4510290 g m3.

In short, there was a significant increase in the influent concentration of tCOD (p <0.001)
and of TSS (p < 0.001). sCOD and VFA concentrations, in contrast, were not significantly
affected by the addition of the untreated slaughterhouse wastewater, since the location
is only 500 m from the WWTP. Apparently, there was not enough residence time in the
sewer for fermentation of this wastewater, despite the warm spring season. Even
though sCOD did not increase, the BODs was higher during the test period, indicating
the presence of particulate substrates with high biodegradability in the added untreated
slaughterhouse wastewater.

2.3.2 | Sludge production

The biomass concentration of the reactors increased during the 4 months of changed
influent. On the year before the test, the average TS concentration of the reactors was
5.8+ 1.7 g TS/L. At the end of the test period, the average sludge concentration was 8.3
+0.6 g TS/L. However, it should be noted that already the months before the test period
the sludge concentration had started to increase (Supplementary information, Figure
S2.2). The granule bed was composed of different sludge morphologies (size fractions).



The measured percentage of each sludge size fraction over the total sludge oscillated
during the experimental period. Overall, the trend showed an increased large granule
fraction (from 56 to 67%) and a decreased smaller granule fraction (from 23 to 18%) and
floc fraction (from 20 to 15%). However, such tendency could not be attributed to the
test period alone, because the change in sludge bed composition occurred during a
longer time period and not only during the test itself (Supplementary information,
Figure S2.2). Furthermore, protozoa growth was observed on granule surfaces (Figure

2.1), but this did not affect the settleability of the sludge; SVIs was maintained around
40-45 mL/g VS.

Figure 2.1. Micrographs of large granules (>1 mm): (a) on 23 January 2019 (normal operation);
and (b) on 9 July 2019 (at the end of the test period). Size bar: 0.5 mm.

During the test period, the volume of the wasted sludge increased (Figure 2.2). The
amount of wet sludge withdrawn doubled during the test period, from 870 to 1640
tonnes per month. The TS measurements of the waste sludge were lower during the test
period than during normal operation (40 + 10 g TS/L versus 31 + 8 g TS/L). Thus, in terms
of dry weight the increase in wasted sludge was less pronounced: 48.8 tonnes TS per
month instead of the normal 34.7 tonnes TS per month, or around 13 tonnes TS per
month higher. These data show that the additional influent particulates were at least
partly degraded during the process. If the particulates were removed non-degraded with
the excess sludge, the sludge production would have been considerably higher during
the test period. Considering the increase of 0.3 g TSS/L in the influent, sludge wasting
would increase 50 tonnes TS/month instead of the observed 13 tonnes TS/month. The
sludge production data should be interpreted with caution, though. The measurement
of the dry solids content of the excess sludge was not very accurate, due to difficulties
associated with full-scale monitoring. The operation of the sludge thickening unit was
fluctuating, resulting on a variable spill concentration. Therefore, the TS measurements
on weekly grab samples of the thickened sludge might not be fully representative of the



TS concentration of the spill over the whole period. Nevertheless, such a large gap
between the expected and observed spill production still indicates that a fraction of
particulate COD was likely to be consumed by the sludge. For a more detailed mass
balance, check Supplementary information 5.
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Figure 2.2. Monthly waste sludge production. (A) Tons of wet sludge produced (B) Tons of TS
produced, based on the measured TS content of the waste sludge (40 g/L during normal operation
and 31 g/L during the test period). The blue lines indicate the average sludge production in the
periods before, during and after the test period.

2.3.3 | Hydrolytic enzyme activity tests

Hydrolytic enzyme activity assays showed that both granules and flocs have the ability
to hydrolyze proteins and lipids (Figure 2.3). No protease and lipase activity was
detected in the bulk liquid.
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Figure 2.3. Hydrolytic activity of mixed sludge, granules and flocs. (A) Specific hydrolytic activities
of the mixed liquor (Mix), and the sieve fractions large granules (>1 mm) and flocs (<0.2 mm); (B)
Total hydrolytic activities at reactor-scale in the mixed liquor, and the total activity contributed by
large granules and flocs. The fraction in the range 0.2 to 1 mm was not analysed but can be
estimated by the difference between the mixed liquor and the sum of the other two fractions.
Each bar represents the average of: 2 reactor samples and duplicate vials before the influent
change (n = 4); 3 reactor samples and duplicate vials at the end of the test period (n = 6).

Before adding the particulate-rich influent stream, the specific protease activity (i.e., per
gram of VS) of granules was about half of that of flocs. Nevertheless, due to the higher
percentage of granular than flocculent sludge in the reactor, the total contribution to
protease activity of the granule fraction in the reactor was as high as that of the
flocculent fraction (Figure 2.3b). It is noteworthy that the large granule and floc activities



do not add up to the total activity in the mixed sludge. This can, at least partly, be
explained by the activity of the small granule fraction (0.2-1 mm) which was not
measured individually but is also part of the mixed liquor sample (Toja Ortega et al.,
2021a). Increasing the influent pCOD did not significantly affect the biomass-specific
protease activity of the mixed liquor and the granule fraction, and flocculent sludge
activity decreased (Figure 2.3a). The total activity at reactor scale seemed to increase
due to higher sludge concentration after the test period, although the large variation in
activity in the mixed sludge fraction makes the difference statistically just not significant
(p = 0.056) (Figure 2.3b). The total protease activity contributed by large granules did
increase significantly (p = 0.03).

Regarding the hydrolysis of lipids, before the addition of the extra untreated
slaughterhouse effluent the lipase activity was considerably higher in flocs than in
granules (approximately 9-fold) (Figure 2.3a). Due to such a large difference in specific
activity, also at a reactor level, the flocs contributed more to lipid hydrolysis than
granules (three-fold). After the influent change, the specific lipase activity in flocculent
sludge increased (p = 0.02) and was approximately 10-fold of the specific lipase activity
of granules. The biomass-specific lipase activity of granules, as with protease, did not
change. On reactor-scale, the total mixed liquor lipase activity increased significantly
due to the increased biomass concentration in the reactor (p = 0.009). Regarding the
contribution of each biomass fraction, the total lipase activity of granules increased due
to the increased granular sludge concentration (p = 0.007), so the activity of flocs
became only twice as high as that of large granules at reactor scale. In any case, flocs
seemed to be strongly involved in lipid hydrolysis, although granules also revealed
measurable activity.

2.3.4 | Reactor performance and nutrient cycles

Table 2.2. Average effluent concentration of the main wastewater pollutants, in the months
before the test period and during the test period. Standard deviation values are given between
parentheses.

COD BODs TN  NHs~N NOx-N POsP TP TSS
[gm3] [gm3] [gm3] [gm3] [gm3] [gm3] [gm3] [gmI]

Effluent consent 7 5 0.3 30

Before test period 26 1.5 4.0 0.3 24 0.04 0.14 5.2
(£6) (£0.5) (+2.0) (#0.2) (+1.8) (+0.01) (+0.04) (+1.6)

During test period 32 2.4 3.5 0.3 15 0.07 0.23 5.5
(£9) (£1.3) (#1.4) (#0.3) (#0.9) (£0.09) (£0.12) (#1.2)




Effluent quality did not deteriorate during the test period (Table 2.2). Regarding reactor
performance, several key performance indicators (KPl) were higher during the test
period, including phosphate uptake rate, total phosphate release and ammonia uptake
rate (nitrification) (Supplementary information 3). However, a similar trend was
observed in the spring-summer period (April-July) of the years 2018 and 2020.
Furthermore, the changes in the different KPI rate values can be theoretically coupled
to temperature increase, so the increase was more likely attributed to seasonal
variations than to the influent composition. Denitrification rate seems to be an
exception. Denitrification rate was higher during the test period (Figure 2.4), and no
similar increase was observed in the previous summer, except in reactor 2. In the
following summer (2020) denitrification rate was higher than in the winter, but the
change was not as pronounced as during the test period. Furthermore, changes in
denitrification rate in previous years clearly followed increases in temperature, while
during the test period the increase in denitrification rate was uncoupled from the
increase in temperature. Nitrate uptake rates were determined during post-
denitrification phases in all cycles. Simultaneous nitrification denitrification (SND) was
not monitored through the KPI, because intermittent aeration was used, which did not
allow a straightforward comparison of the produced and consumed nitrate.
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Figure 2.4. Denitrification rates measured during the post-denitrification period. R1, R2 and R3
indicate Nereda® reactors R1, R2 and R3 of WWTP Epe. Each dot represents the average rate in
one SBR cycle. The continuous black line represents the moving average, with a sliding window of

7 days. The blue line indicates the temperature in the reactors. The test period is delimited by
dashes.



2.3.5 | Microbial community composition: 16S rRNA gene amplicon
sequencing results

The microbial community of the mixed liquor, large granules and flocs differed

significantly, in terms of beta-diversity (p = 0.001). Significant differences were observed

too between the samples taken during normal operation and during the test period. The

shift in microbial composition during the test period was most pronounced in flocculent

sludge, and less in large granules. The distances between the analyzed samples are
presented in Figure 2.5a.
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Figure 2.5. Microbial community composition of the sludge from WWTP Epe derived from 16S
rRNA sequencing results. (A) Principal coordinates analysis (PCoA) plot based on the Bray-Curtis
distance matrix between samples. (B) 20 most abundant genera and their families, in the mixed
liquor sludge (Mix) and the large granule and floc fractions.



The 20 most abundant genera in the sludge are depicted in Figure 2.5b. Different genera
of putative PAO and GAO were abundant in the sludge, such as Ca. Accumulibacter,
Tetrasphaera, Propionivibrio, Dechloromonas and Ca. Competibacter. In the mixed
sludge, a large proportion of the sequenced reads belonged to Ca. Competibacter, and
the proportion increased during the test period from 7.5 to 10% of the reads. The genus
Tetrasphaera was also abundant but did not significantly change over the test period in
the mixed sludge. This PAO genus was predominant in the flocculent sludge fraction,
where its proportion significantly increased during the test period. Large granules also
had a considerably high percentage of Tetrasphaera (5.3-6.8%) and Ca. Accumulibacter
(1.7-2.7% ). The genus Nitrospira was also at high relative abundance in the sludge. Only
a marginal percentage of Nitrotoga (0.002%) was detected, making Nitrospira the
dominant nitrite oxidising bacteria (NOB). Nitrospira was mainly associated to large
granules, where it also became more abundant during the test period. The AOB
Nitrosomonas was detected but at low relative abundance (0.015%).

Microorganisms with a central role in hydrolysis and fermentation have been studied
less than PAO, GAO and nitrifiers. This is partly due to the large array of organisms that
can perform these functions. Several fermenting microorganisms were identified by
Layer et al. in AGS reactors fed with complex wastewaters (Layer et al., 2019). The
families Saprospiraceae and Chitinophagaceae, and the phylum Chloroflexi found in
their study were at high relative abundances in Epe too (4.8-5.1%, 2.9-3.8% and 2—-3.5%,
respectively). Many members of these taxa can perform hydrolysis and fermentation
(Xia et al., 2007). Between the abundant genera (>1% relative abundance) in Epe, there
were several putative fermenters and hydrolysers: Rhodoferax (1.3—1.7%), Fodinicola
(1.3-2.3%), Terrimonas (1.2-1.8%) and Geothrix (0.7-1.4%). Rhodoferax are denitrifying
organisms and putative fermenters, which seem to be able to utilise carbohydrates,
amino acids and short chain fatty acids. Fodinicola, in turn, are aerobic filamentous
organisms that can hydrolyse proteins and carbohydrates. Terrimonas, too, are likely
strictly aerobic hydrolysers. Last, Geothrix might play a role in lipid metabolism, as they
can metabolise both short-chain and long-chain fatty acids, using nitrate as electron
acceptor (Coates et al., 1999). However, the metabolism of these genera has not been
systematically studied in situ and therefore it is difficult to infer their function in our
system.



2.4 | DISCUSSION

2.4.1 | Changes in hydrolytic activity of the sludge

From the enzyme activities measured, none was detected in the bulk liquid. All lipase
and protease activity were associated to the biomass, both to granules and to flocs. This
observation is in line with previous biofilm and activated sludge studies that found
hydrolytic activity to be predominantly associated to the biomass (Confer and Logan,
1998a; Frglund et al., 1995; Mosquera-Corral et al., 2003). Flocs had higher specific
lipase and protease activity than granules, as observed in WWTP Garmerwolde (Toja
Ortega et al., 2021a), most markedly in the case of lipase. The increased particulate load
period had an effect on the biomass-specific activities of flocs, with a decrease in
protease activity and an increase in lipase activity. This could be related to the increased
influent lipid concentration in the test period, whereas the protein concentration did
not change as sharply. That only the biomass-specific hydrolytic activities of flocs
changed over the test period indicates that floc activity is more rapidly influenced by
changes in the influent than granules. Furthermore, it seems from our results that
flocculent sludge is actively involved in lipid hydrolysis and can increase the production
of enzymes during a higher exposure to lipid substrates.

The change in influent composition did not affect the biomass-specific activity of
granules. The total enzyme activity in the reactors mostly increased because of overall
granule growth. The newly produced granules had the same biomass-specific activity,
so the total hydrolytic activity increased. Under normal operation, the granular sludge
already had, theoretically, enough potential to hydrolyse all the proteins and lipids from
the more concentrated influent within one SBR cycle (Supplementary information 4).
However, it would be unrealistic to assume that the rates measured in laboratory assays,
based on kDa-size substrates with good biodegradability, are directly translatable to full-
scale conditions. Nevertheless, the enzymatic activity of the granules does not seem to
be a limiting factor for complete hydrolysis of influent pCOD. Similar results were
obtained at the AGS reactors at WWTP Garmerwolde (Toja Ortega et al., 2021a). The
hydrolysis rate apparently does not depend so much on enzyme content of the granules
but on mass-transfer of the substrate into the biofilm (granule). In biofilm reactors,
hydrolysis can be described using an areal hydrolysis rate (g TOC/m?/h), which accounts
for the biofilm area in the reactor (Kommedal et al., 2006).



2.4.2 | Microbial community composition and shifts
Microorganisms involved in P and N removal

In this section the most abundant taxa are discussed under the assumption that the
relative abundances in the sequenced 16S rRNA genes reflect the abundance of their
respective microorganisms in the sludge. This might not hold true in all cases, due to
biases associated to 16S rRNA gene amplicon sequencing, including biases in the
extraction and amplification of the DNA and differences in DNA copy number among
microbial groups. For example, the relative abundances of Ca. Accumulibacter and
Tetrasphaera are underestimated when determined by 16S sequencing compared to
FISH, while Dechloromonas seems to be overestimated (Stokholm-Bjerregaard et al.,
2017). However, the data can pro-vide a glimpse of the main microbial components in
the sludge. The sequencing results revealed a large proportion (~20% of the reads) of
microorganisms related to enhanced biological phosphorus removal (EBPR) and
nitrogen removal (Nielsen et al., 2010; Saunders et al., 2016). This is in line with the good
nutrient removal performances that were achieved in the plant. The NOB Nitrospira was
one of the most abundant microorganisms in the sludge, comprising 6.3—-6.4% of the
reads in the mixed sludge. Numerous studies have reported Nitrospira as the main NOB
in full-scale EBPR plants, probably due to its high substrate affinity, which allows them
to thrive under low oxygen and nitrite concentrations (Daims et al., 2001; Nielsen et al.,
2010). The only detected AOB was Nitrosomonas, with low relative abundance (0.015%).
Finding AOB at low relative abundances in 16S rRNA amplicon sequencing data does not
necessarily imply a low AOB activity in the sludge (Weissbrodt et al., 2013). That was
also the case in this study where no issues with nitrification were identified.

The classical PAO genus Ca. Accumulibacter was present in relatively high abundance
(1.9-2.4%) in the mixed sludge. In general, at more complex influent composition
fermentative PAO and GAO populations seem to be favoured (Ali et al., 2019; Campo et
al., 2020; Layer et al., 2019; Nielsen et al., 2019), which is in line with the observations
for the sludge in Epe. The fermentative PAO Tetrasphaera was found in high relative
abundance, accounting for 6.6-7.3% of the reads in the mixed sludge samples.
Tetrasphaera is often found in AS and AGS fed with complex wastewaters. They can use
a wider range of substrates compared to Ca. Accumulibacter, including sugars and
amino acids which they can utilise through a fermentative metabolism (Stokholm-
Bjerregaard et al., 2017). The fermentative Dechloromonas was also abundant in the
mixed sludge samples. Members of this genus seem to possess a PAO metabolism, but
others behave as GAO (Nielsen et al., 2019). Therefore, their contribution to EBPR in our
system is unclear. Overall, GAO were abundant in the sludge from Epe, the main genera



being Ca. Competibacter (7.5—-10%) and the fermentative GAO Propionivibrio (3.8—-4.8%
). The high COD/P ratio of the wastewater (>100 mg COD/mg P) likely favoured the
growth of GAOs. GAOs in most cases are not harmful to the EBPR process and indicate
an excess of COD (Nielsen et al., 2019). In our study too, effective EBPR was observed
regardless of the high GAO abundance.

Similar to previous studies, slow-growing microorganisms (PAO, GAO and nitrifiers) were
enriched in the granular sludge in comparison with flocs, due to the longer solids
retention time (SRT) of granules (Ali et al., 2019; Mari K.H. Winkler et al., 2012).
Furthermore, granules have preferential access to influent substrates during the feeding
phase, due to their localisation at the bottom of the reactor resulting from their higher
settling velocity compared to smaller granules and flocs (van Dijk et al., 2020). This
further enhances the access of PAO and GAO to the rbCOD in the influent. Interestingly,
Tetrasphaera was more concentrated in flocculent sludge, and even increased during
the test period, while previous studies reported higher Tetrasphaera abundances in
granules than in flocs (Ali et al., 2019). The reasons for the discrepancy with our study
might be related to the differences in substrate utilisation of both PAO. Ca.
Accumulibacter, in granules, have preferential access to the VFA in the influent.
Meanwhile, flocculent sludge has the ability to entrap more particulate substrates
throughout the cycle, and also has a higher hydrolytic capacity, making monomers such
as amino acids and monosaccharides available to Tetrasphaera throughout the cycle.
However, this is a mere speculation that should be tested in more AGS plants and using
more quantitative methods than 16S rNA sequencing.

Microbial community changes during the test period

The changes in microbial diversity during the test period were more pronounced in
flocculent sludge than in large granules. The shorter SRT of flocculent sludge, and the
higher immigration rates to this sludge fraction, can explain this observation (Ali et al.,
2019). The new influent did not have a strong impact on the microbial communities in
the more rigid and older granules, which relates to the stable performance of the plant
and the minimal changes in the hydrolytic activity of granules. The larger shift in
microbial community of flocs is also in line with the activity changes measured in this
fraction.

In terms of changes in individual taxa, the GAO Ca. Competibacter proliferated during
the test period, possibly due to the increased COD/P ratio. No clear increase was
observed among the putative hydrolyser and fermenter taxa, even if the reactors
received higher particulate contaminant concentrations. The abundance of Chloroflexi



and Geothrix increased, but Saprospiraceae and Fodinicola decreased, while
Tetrasphaera, Propionivibrio, Dechloromonas and Rhodoferax did not change
significantly. The sludge contained various organisms capable of metabolizing different
types of organic matter already during normal operation, and at increased particulate
loads there were shifts among these groups but no sharp increase in their relative
abundances. The lack of a clear increase aligns with the results from the hydrolytic tests,
as the specific hydrolytic activity of the sludge did not change either. Lipid metabolism
in flocculent sludge was an exception; the specific lipase activity of flocculent sludge
increased. In flocculent sludge, the abundance of Geothrix increased from 0.7 to 4.2%,
which might be related to the increase in lipase activity. However, the metabolism of
Geothrix in aerobic wastewater treatment systems has not been studied. Further
analysis would be insightful to understand their role in this ecosystem. Filamentous
microorganisms related to LCFA metabolism (Ca. Microthrix, Gordonia) were not
abundant in the sludge, and Ca. Microthrix even decreased during the test period (from
0.5t0 0.09% ). No foaming or bulking was observed in the reactors even if the lipid load
increased considerably.

Protozoa were not studied through sequencing, as only the bacterial and archaeal 16S
gene was targeted. However, microscopy revealed a protozoa bloom in the sludge
during the test period (Figure 2.1). Protozoa are likely to take up particulates, although
their contribution to pCOD removal was not quantified (Morgenroth et al., 2002;
Norbert Schwarzenbeck et al., 2004). They did not deteriorate the settleability of the
sludge and might contribute to granule stability by metabolizing particulates at the
granule surfaces.

2.4.3 | Impact of particulates on the treatment and sludge growth

The treatment performance during the test period remained stable, in terms of COD, P
and N removal. Effluent suspended solids did not increase either. Furthermore, during
the test period the denitrification rates were higher than usual (on average, 4.0 mg NOs-
N L™ h™* compared to 3.1 mg NOs-N L™ h™! during normal operation). Previous studies
showed that the particulates could significantly contribute to denitrification in AS
(Drewnowski and Makinia, 2014; How et al., 2020), as well as in biofilm reactors (Krasnits
et al,, 2014, 2013). In those studies, denitrification relied partly on intracellularly stored
substrates, but mostly on particulates that remained entrapped in the sludge and kept
hydrolyzing during the anoxic phase. In AGS reactors, this would mainly benefit post-
denitrification, since simultaneous nitrification-denitrification (SND) requires the
anaerobic storage of substrates and subsequently the coexistence of different redox
zones during aeration. Particulates would have to be anaerobically hydrolyzed and



fermented by granules and diffuse below the granule surface in order to be stored as
PHA and contribute to SND. This is likely a slow process due to mass-transfer limitation.
Even if the anaerobic uptake of particulates by granules would be limited, SND can be
enhanced by applying optimized aeration strategies. Layer et al. (2020) proposed to
apply alternating aeration (intermittent switching on and off) or 2-step aeration (a pulse
of high aeration followed by low DO for the rest of the reaction phase) to improve SND
when AGS was fed with complex wastewater (Manuel Layer et al., 2020). This way, with
anincreased particulate COD load such as the one in the present study it is likely possible
to enhance SND, as well as to reduce the post-denitrification phase length and achieve
lower effluent N.

During the test period, sludge growth was observed in the reactors at WWTP Epe. The
total sludge concentration of all three reactors increased (from 5.7 to 7.6 g TS/L in R1,
5.8t08.5gTS/Lin R2 and 5.9to0 8.7 g TS/Lin R3), as well as the granule proportion (from
58 to 67%). Thus, granule growth was observed following the increase in influent COD.
After the test period, the sludge concentration remained high but did not increase
further. Nevertheless, the sludge concentration in the reactors, as well as the proportion
of large granules, had started to increase before the test period and there were large
oscillations in the measurements (Supplementary information, Figure S2.2). This makes
it difficult to conclude whether granular sludge growth was supported by the added
particulates. Part of these particulates were consumed in the reactor, but it is not clear
if this was accomplished by the granules or by the flocculent sludge fraction.
Nonetheless, the study does show that the sustained increased load of biodegradable
influent particulates did not negatively impact granule growth. This holds for an influent
particulate concentration of approximately 1.3 g COD/L (77% of the COD). The granule
size did not decrease, as opposed to previous studies where with more complex
wastewater the sludge bed was composed of smaller granule sizes (Derlon et al., 2016;
Layer et al., 2019). The proportion of flocculent sludge did not increase either, probably
due to increased sludge wasting (Figure 2.2). Furthermore, the higher influent
particulate concentration did not result in filamentous outgrowths in the granules or
disruption of granule stability as seen in previous studies (de Kreuk et al., 2010;
Schwarzenbeck et al., 2005). Only a higher concentration of protozoa was observed on
granule surfaces. According to our results, a moderate increase of influent suspended
solids does not necessarily deteriorate granule integrity or size distribution. There might
be a few reasons for this: (1) The granules can anaerobically hydrolyze part of the pCOD,
as indicated by their relatively high hydrolytic activities. The available pCOD during
aeration is therefore lowered; (2) protozoa at the granule surfaces might take up a
considerable amount of particulates aerobically, limiting the creation of substrate



gradients at the granule surfaces (Norbert Schwarzenbeck et al., 2004); and (3) the
flocculent sludge can capture and hydrolyze particulates, as indicated by its high specific
hydrolytic activity, an observation in line with the hypothesis of Layer et al. (2019). An
adjusted sludge wasting maintains the sludge bed composition avoiding a buildup of the
flocculent sludge fraction and particulate material in the reactor.

2.5 | CONCLUSION

We studied a full-scale Nereda® plant faced with an increased influent pCOD
concentration during a 3-month period. Doubling the influent pCOD concentration did
not interfere with the smooth granule morphology and did not compromise nutrient
removal efficiency. In line with this observation, the sludge exhibited high hydrolytic
activity and a high proportion of putative hydrolysing and fermenting organisms. The
exact contribution of pCOD to sludge growth and nutrient removal could not be clarified
and deserves further research. Nonetheless, the results of this study point towards good
performance stability of the AGS process operated with an increased influent particulate
concentration. An increased COD could permit the achievement of more efficient N
removal and meeting more stringent effluent discharge requirements, without adding
external C sources or post-treatment steps. Therefore, adding a COD-rich wastewater
stream, even with a high particulate content, can be a good solution when a higher COD
load to AGS reactors is desired.



SUPPLEMENTARY INFORMATION

Supplementary information 1: Size-distribution of the influent COD, during
normal operation and during the test period.
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Figure S.2.1. Distribution of the influent COD in different size fractions, during normal operation
and during the test period. n=3, in each scenario. Error bars represent standard deviation between
the three measurements.

Supplementary information 2: Sludge growth in the reactors during the test
period and the months before and after.
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Figure S.2.2. Mixed liquor suspended solids (MLSS) concentration of the reactors at WWTP Epe,
and the concentration of different granule size fractions. The values displayed are the average TS
concentration from reactors 1, 2 and 3. The granule size distribution data from the period between
April and November 2018 was not available, and therefore only the MLSS concentration is plotted
on that period. The sludge growth data was measured and provided by Vallei en Veluwe. The
vertical red lines delimit the test period.



Supplementary information 3: Key performance indicators from reactors 1-3
of the WWTP Epe.

Figures S2.3.1-52.3.5 show key performance indicators (KPI) recorded during each SBR
cycle of the AGS reactors during a 3-year stretch of time. The data for each of the three
reactors is represented in separate graphs.
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Figure S2.3.1. PO3-P uptake rates measured in the reactors at WWTP Epe. Each dot represents the
KPI value for a single SBR cycle, and the continuous black line represents the moving average with
a sliding window of 7 days. Temperature is plotted in a blue line. The vertical lines indicate the
test period, where a higher particulate COD load was fed to the reactors.
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Figure $2.3.2. Total POs-P release measured in the reactors at WWTP Epe. Each dot represents
the KPI value for a single SBR cycle, and the continuous black line represents the moving average
with a sliding window of 7 days. Temperature is plotted in a blue line. The vertical lines indicate
the test period, where a higher particulate COD load was fed to the reactors.
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Figure S2.3.3. Efflulent POs-P concentration measured in the reactors at WWTP Epe. Each dot
represents the KPI value for a single SBR cycle, and the continuous black line represents the
moving average with a sliding window of 7 days. Temperature is plotted in a blue line. The vertical
lines indicate the test period, where a higher particulate COD load was fed to the reactors.
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Figure S2.3.4. NH4-N removal rates measured in the reactors at WWTP Epe. Each dot represents
the KPI value for a single SBR cycle, and the continuous black line represents the moving average
with a sliding window of 7 days. Temperature is plotted in a blue line. The vertical lines indicate
the test period, where a higher particulate COD load was fed to the reactors.
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Supplementary information 4: Calculation of total hydrolytic activity during
feeding.

The total hydrolytic activity during feeding is calculated by multiplying the specific
hydrolytic activities measured in the enzyme assays by the weight of the settled sludge
layer that is passed by the influent during plug-flow feeding. The volume of sludge
“filled” with influent during feeding is considered to be the same as the feed batch
volume. The total settled sludge bed volume is larger than the batch volume (Table
$2.4.1), i.e. the volume fed per SBR cycle is smaller than the total settled sludge volume,
which leads to the assumption that only large granules (at the bottom of the reactor)
will be in contact with the influent during the plug-flow feeding. Hence, only large
granule hydrolytic activity of the mass of sludge filled with influent is used to calculate
the anaerobic hydrolysis during feeding. That is, the influent fed granule volume (=batch
volume) divided by the SVIs.

Table S2.4.1. Reactor sludge composition and SBR cycle characteristics, during normal plant
operation.

Parameter Value Unit

TS (g/L) 6.4 g/L

VS (g/L) 4.9 g/L

SVIs (mL/g VS) 45 mL/g VS

Reactor vol (m3) 4500 m3

Sludge weight (kg VS) 22078 kg VS

Settled sludge bed volume (m3) 994 m3

Q (m?/d) 5066 m3/d

Batch volume/SBR cycle (m3) 422 m3

Granule mass in contact with influent 9381 kg

Specific protease activity large granules 26.77 mg protein g VSt h1
Specific protease activity mixed sludge 87.63 mg protein g VSt h1
Specific lipase activity large granules 8.13 mg lipid g VSt h1
Specific lipase activity mixed sludge 68.52 mg lipid g VSt h1

The bed volume filled with influent is divided in 10 segments, the activity of which is
accounted for only once they are filled with influent, during a 2 hour plug-flow feeding.
In table S2.4.2, the time during which each of the segments is active is displayed. Zero
order kinetics is assumed for simplicity (substrate concentration>Ks) It also shows the
total activity contributed by that segment during the feeding time (its specific activity *
the granule mass in that segment * time active).



Table S2.4.2. Hydrolytic activity contributed by each segment during feeding, during normal plant
operation.

Segment Actve (M) iouned (g protein) _ contributed (g i)
segment 1 2 50233 15256
segment 2 1.8 45210 13730
segment 3 1.6 40187 12205
segment 4 1.4 35163 10679
segment 5 1.2 30140 9154
segment 6 1 25117 7628
segment 7 0.8 20093 6102
segment 8 0.6 15070 4577
segment 9 0.4 10047 3051
segment 10 0.2 5023 1526

Table S2.4.3. Comparison of the lipid and protein content in the influent (during normal operation
and test period), and hydrolytic activity during feeding during normal plant operation.

Parameter Protein Lipid
Total activity in 2 h feeding (g substrate hydrolysed) 276282 83908
Influent substrate concentration hydrolysed in 2h feeding (mg/L) 654 199
Influent substrate concentration normal operation 76 45
Influent substrate concentration test period 135 290

As shown in Table S2.4.3, the sludge has enough hydrolytic capacity to (theoretically)
hydrolyse all the influent proteins within the anaerobic feeding phase, both during
normal operation and during the test period. However, the increased influent lipid
concentration during the test period is higher than the sludge can hydrolyse during the
feeding phase. Thus, the aerobic hydrolysis is estimated to assess whether the aerobic
phase would allow complete lipid hydrolysis. During aeration, all the reactor sludge is in
contact with the influent due to fully mixed conditions. Therefore, the specific activity
of the mixed sludge is used for the calculations. Even if the assays only quantified
anaerobic hydrolytic activity, the results were extended to aerobic conditions. This
assumption was based on previous studies that proved hydrolysis rates to be unaffected
by short-term (one SBR cycle) changes of redox conditions, when the hydrolytic activity
was cell or biofilm associated (Boczar et al., 1992; Goel et al., 1998b). Considering the
hydrolytic activity of the sludge in normal operation (68.52 mg lipid g VS h'?), and the
sludge mass in the reactor (22078 kg VS) the hydrolytic activity during aeration would
be 1370974 g lipid/h, or if divided by the batch volume (422 m?3), 305 mg/L of influent
lipids per hour of aeration. Therefore, the reactor has the capacity to hydrolyse the lipids
remaining after the anaerobic feeding phase within the first hour of aeration.



Supplementary information 5: Comparison of estimated and observed sludge
production.

Sludge production was estimated from the COD and TN load to the reactors, and
compared to the observed sludge production in order to explore the fate of the pCOD
added in the test period. Equation 1 estimates the production of heterotrophic and
nitrifying biomass, based on influent substrate (COD) and nitrogen (Metcalf & Eddy,
2003):

QY (5;=5) QYn(NOy)
Pryss = Zeod (1 + fakaSRT) + 28228 1 QnbVSS [1]

where:

Px,vss = Net waste sludge produced per day [kg VSS d!]

Q = Influent flow [m? d*]

Y = Biomass yield [kg VSS kg COD]

Yn = Nitrifying biomass yield [kg VSS kg™ COD]

Si = influent substrate concentration [kg COD m3]

S = effluent substrate concentration [kg COD m3]

NOx = concentration of NH4-N in the influent that is nitrified [kg N m?3]
ks = endogenous decay coefficient [d!]

kan = endogenous decay coefficient for nitrifying organisms [d!]
SRT= theoretical average solids retention time [d]

fa = fraction of biomass that remains as cell debris

nbVSS= non-biodegradable influent suspended solids [kg VSS m~3]

Sludge production was estimated considering biodegradable COD (bCOD) as substrate.
Biodegradable COD was estimated from BOD, applying a factor of 1.6 (bCOD = 1.6 x
BODs) (Metcalf & Eddy, 2003). Since the non-biodegradable influent suspended solids
(nbVSS) concentration was not known, sludge production was predicted based only on
heterotrophic and nitrifying biomass growth, therefore excluding the last component of
Equation 1 (Q x nbVSS). nbVSS was then estimated from the difference between the
prediction and the observed sludge production. The values used in the calculation are
listed in Table S2.5.1.



Table S2.5.1. values used in the prediction of sludge growth based on influent composition.

Parameter Normal operation Test period Reference

Q [m3d1] 4696 5229 This study
tCOD [g COD m3] 840 1456 This study
BODs [g BOD m3] 341 537 This study
BODs,eff [g COD m3] 1,5 2,4 This study
bCOD [g COD m3] 546 859 Calculated, this study
bCODest [g COD m-3] 2.4 3.8 Calculated, this study
TN [g N m3] 77 101 This study
NOyx [g N m3] 62 81 Calculated, this study
kg [d1] 0.12 (Metcalf & Eddy, 2003)
Kan[d1] 0.08 (Metcalf & Eddy, 2003)
fq 0.15 (Metcalf & Eddy, 2003)
SRT [d] 25 (Ali et al., 2019)
Y [kg VSS kgt COD] 0.4 (Metcalf & Eddy, 2003)
Yn [kg VSS kgt N] 0.12 (Metcalf & Eddy, 2003)

The concentration of NHs-N in the influent that is nitrified (NOx) was assumed to be 80%
of the TN. Based on the calculation above, the predicted sludge production is 381 kg VSS
d? during normal operation, and 665 kg VSS d in the test period. The actual sludge
production, considering both the increase in reactor VSS concentration and spill
production, was 1146 kg VSS d* during normal operation and 1495 kg VSS d™ during the
test period. From the difference between the prediction and the observed sludge
production, an influent nbVSS concentration of around 160 g VSS m™ was calculated for
both situations.

Several assumptions are made in the prediction of sludge production. For instance, the
theoretical average SRT of our study was not measured, and it might not be the same
for the normal operation and the pilot period. Moreover, the uncertainty of influent
composition measurements decreases the accuracy of the values used in the balance.
For example, instead of using different influent flows during normal operation and test
period, an average flow of 4808 m3 d! could be considered for both situations, since the
difference in flow was not significant between periods. In that case, the calculated nbVSS
would be 157 g VSS m™ during normal operation and 184 g VSS m during the test
period. This would be more in agreement with the higher nbCOD (tCOD-bCOD) during
the pilot. This example illustrates that the limitations associated to full-scale monitoring
do not allow to accurately estimate the fraction of pCOD consumed in the reactor during
the higher load period. However, using typical growth and decay values it is possible to
make a prediction of the sludge production that reasonably matches the observations.
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ABSTRACT

Complex substrates, like proteins, carbohydrates and lipids, are major components of
domestic wastewater, and yet their degradation in biofilm-based wastewater treatment
technologies, such as aerobic granular sludge (AGS), is not well understood. Hydrolysis
is considered the rate limiting step in the bioconversion of complex substrates, and as
such it will impact the utilization of a large wastewater COD (chemical oxygen demand)
fraction by the biofilms or granules. To study the hydrolysis of complex substrates within
these types of biomass, this chapter investigates the anaerobic activity of major
hydrolytic enzymes in the different sludge fractions of a full-scale AGS reactor.
Chromogenic substrates were used under fully mixed anaerobic conditions to determine
lipase, protease, a-glucosidase and B-glucosidase activities in large granules (>1 mm
diameter), small granules (0.2—-1 mm), flocculent sludge (0.045—-0.2 mm) and bulk liquid.
Furthermore, composition and hydrolytic activity of influent wastewater samples were
determined. Our results showed an overcapacity of the sludge to hydrolyse wastewater
soluble and colloidal polymeric substrates. The highest specific hydrolytic activity was
associated with the flocculent sludge fraction (1.5-7.5 times that of large and smaller
granules), in agreement with its large available surface area. However, the biomass in
the full scale reactor consisted of 84% large granules, making the large granules account
for 55—-68% of the total hydrolytic activity potential in the reactor. These observations
shine a new light on the contribution of large granules to the conversion of polymeric
COD, and suggest that large granules can hydrolyse a significant amount of this influent
fraction. The anaerobic removal of polymeric soluble and colloidal substrates could
clarify the stable granule formation that is observed in full scale installations, even when
those are fed with complex wastewaters.



3.1 | INTRODUCTION

In recent years, aerobic granular sludge (AGS) technology has emerged as an alternative
to the conventional activated sludge (AS) technology for the treatment of domestic
wastewater (Bengtsson et al. 2018; Pronk et al. 2015). AGS is composed of granular
microbial aggregates and can remove chemical oxygen demand (COD), phosphorus (P)
and nitrogen (N) from wastewater (Bassin et al. 2012; Coma et al. 2012; de Kreuk et al.
2005; Layer et al. 2019). AGS requires less space and energy than AS, due to the granular
morphology that improves the settling properties of the sludge, which leads to a smaller
footprint and a simple reactor design. The technology is applied by Royal-Haskoning DHV
at full-scale under the trade name Nereda®, based on a sequencing batch reactor (SBR)
cycle consisting of simultaneous anaerobic feeding and effluent removal, aeration and
settling (Giesen et al. 2013; Pronk et al. 2017). Full-scale AGS, fed with domestic
wastewater, operates stable and can remove COD and nutrients efficiently (Giesen et al.
2014; Ni et al. 2009; Pronk et al. 2017). Still, some aspects of full scale operation of AGS
need further study to optimize this novel process and understand the observations
made in pilot and full scale applications. One main knowledge gap is the removal
mechanism of influent particulate COD.

The composition of the influent is a main difference between full-scale practice and
most lab-scale experiments. Substantial knowledge about AGS has been gained studying
lab-scale reactors fed with simple influents, rich in volatile fatty acids (VFA) (Bassin et al.
2012; de Kreuk et al. 2005; Mosquera-Corral et al. 2005; Weissbrodt et al. 2014; Zeng et
al. 2003). The conditions in these studies promoted the growth of slow-growing, storage
polymer-forming microorganisms, such as polyphosphate accumulating organisms
(PAO). Slow-growing microorganisms contribute to granule formation and stability (de
Kreuk and van Loosdrecht 2004; Picioreanu et al. 1998). The selected PAO population
additionally removes phosphorus and nitrate from the wastewater, therefore
contributing to enhanced biological phosphorus removal (EBPR). Since acetate and
propionate are the main substrates of PAOs, their loading rate is an important factor for
EBPR treatment plant design and operation (Lopez-Vazquez et al. 2020).

VFA content of domestic wastewater is highly variable, ranging as much as from 1 to
50% of the total influent COD. The VFA concentration can be influenced by several
parameters such as type of wastewater, sewer type, temperature and residence time in
the sewer (Hvitved-Jacobsen et al. 1995; Narkis et al. 1980; Rudelle et al. 2011; Yun et
al. 2013). Most domestic wastewaters contain 10 percent or less VFA-COD, while the



remaining COD is composed by complex substrates, such as proteins, carbohydrates and
lipids (Levine et al. 1991; Raunkjeer et al. 1994; Rudelle et al. 2011; Volcke et al. 2020).
They are present in the wastewater as particulates (e.g. cellulose fibers, microbial cells)
or as colloid and soluble polymers. In AGS systems, a large fraction of the particulate
COD ends up in the flocculent sludge fraction in the reactor (Guo et al. 2020; Layer et al.
2019). This fraction has a relatively short solids retention time (SRT) (Ali et al. 2019)
reducing the mineralization of the particulate COD (Guo et al. 2020). On the other hand,
polymeric substrates could be used for EBPR and granule growth, which would be
beneficial for AGS reactors treating wastewaters with a low or highly variable VFA
content. During the anaerobic feeding phase easily degradable soluble COD can be
stored cell-internally as poly-hydroxyalkanoates (PHA), while polymeric substrates can
potentially be hydrolysed and fermented to VFA and stored sequentially. Hydrolysis has
often been described as the rate-limiting step in biological degradation of organic matter
(Balmat 1957; Ubukata 1997). Hence, in AGS reactors, the hydrolysis of polymeric
substrates during the feeding phase will determine to a large extent the amount of
substrate that is available for PHA storage and thus for the bio-P removal.

Moreover, incomplete uptake of polymeric substrates during the anaerobic phase, and
their presence in the aerobic phase, is often associated with irregular sludge
morphology, decreased settleability or smaller granule size (de Kreuk et al. 2010; Derlon
et al. 2016; Layer et al. 2019; Wagner et al. 2015). Therefore, it is relevant for good AGS
performance to have sufficient hydrolytic capacity for complete transformation of the
polymeric substrates in the influent during the anaerobic phase. Although efforts have
been made to characterize hydrolysis in biofilm systems at lab scale (Kommedal et al.
2006; Mosquera-Corral et al. 2003), and AS systems at lab and full-scale (Frglund et al.
1995; Goel et al. 1998; Morgenroth et al. 2002), hydrolysis in full-scale AGS reactors has
not been extensively studied. Furthermore, the hydrolytic potential of aerobic granules,
its accompanying flocculent biomass, and the activity in the bulk liquid is still unknown.

To evaluate the hydrolytic potential of polymeric substrates under the anaerobic
feeding conditions, we measured the activities of specific hydrolytic enzymes of the
sludge derived from a full scale Nereda® installation. In order to study the maximum
hydrolysis capacity, we used soluble model substrates, rather than slowly biodegradable
particulates. The sludge fractions were incubated with chromogenic lipase, protease and
glucosidase substrates under anaerobic fully-mixed conditions and were sampled
periodically to monitor hydrolysis rates. The hydrolytic activity of the mixed sludge, large
(>1 mm) and small (0.2-1 mm) granules, flocculent sludge, influent wastewater, and bulk



liquid of the AGS reactor was determined and evaluated considering the composition of
the incoming wastewater. Large granules were crushed and their activity was measured
to study the effect of mass transfer limitation on hydrolysis. By studying anaerobic
hydrolytic activity, this study aimed to elucidate the involvement of different types of
biomass in the anaerobic conversion of polymeric COD, in AGS systems treating
domestic wastewater.

3.2 | MATERIALS & METHODS

3.2.1 | Biomass sampling and separation

Biomass and influent were sampled at wastewater treatment plant (WWTP)
Garmerwolde (The Netherlands) in the period from April 30 to May 9, 2019. Another
sampling round was performed in February 2020 to measure granule size distribution
and conduct additional enzyme assays. The stable operation of the plant and the low
variability of the sludge volume index (SVIs) between the two sampling periods led to
the assumption that the granule bed composition was comparable between both
periods. The characteristics of WWTP Garmerwolde are described by Pronk et al. (2015).
Two Nereda® reactors, designed by Royal Haskoning DHV (Amersfoort, The
Netherlands), treat 35.000 m® d! on average, half of the total flow to the wastewater
treatment plant. The influent was sampled after screening and grit removal, and two
types of influent samples were collected for different purposes: 1) Three representative
24-hour flow-proportional samples were collected, and used for physical-chemical
characterization of the influent; 2) For each hydrolytic assay, influent grab samples were
collected, to ensure that the influent sample used in the enzyme assays was as fresh as
possible. The grab samples were used in the hydrolytic assays, and not characterized in
terms of chemical composition. The sludge samples were taken from the AGS reactor
at least 40 minutes after the start of the mixed aeration phase to ensure a homogeneous
sample. Samples were preserved at 4°C, and the activity tests were performed within 8
hours after the sample was taken.

For the hydrolytic activity tests, 7 sample types were prepared: mixed sludge, large
granules, crushed large granules, small granules, flocs, bulk liquid and influent. The
sludge was washed over a stack of sieves by applying tap water with moderate pressure.
The following fractions were collected: large granules (>1000 um diameter), small



granules (200—1000 um diameter), and flocs (45-200 um diameter). A lower limit was
used for flocs to separate them from the bulk liquid. Crushed granules were obtained by
dispersing 15 g of large granules using a Potter-Elvehjem-type tissue grinder. The bulk
liquid fraction was obtained by settling the sludge for 2 hours and collecting the
supernatant. Mixed sludge was diluted to approximately 4 g/L using 20 mM Tris-HCl
buffer. All the other fractions were also buffered with 20 mM Tris-HCl and diluted to a
final approximate concentration of 4 g mixed liquor suspended solids (MLSS)/L. The
activity of the influent, on a- and B-glucosidase assays, was determined using a raw
influent sample. For the protease and lipase assays, the influent particles were
concentrated by settling: 2 liters of influent were settled and the supernatant was
discarded to keep a final volume of 250 mL. This concentration step was needed to
increase the signal in the protease assay, which was less sensitive than the other assays.
The influent used in lipase assays was also settled, because the same samples as for
protease assays were used for lipase assays, since they were performed in the same
days. Complementary experiments were performed in February 2020 to compare the
activity of the settled and non-settled influent. The pH of all the samples was set to 7.5
for the assay.

3.2.2 | Hydrolytic activity tests

The substrates used for hydrolytic activity tests were p-nitrophenyl (pNP) conjugates
(pNP-palmitate, pNP-a-glucopyranoside and pNP-B-glucopyranoside), and azocasein.
These substrates target lipase, a-glucosidase, B-glucosidase and protease activities,
respectively. All used chemicals were purchased from Sigma-Aldrich (Darmstadt,
Germany). Excess concentrations of substrate were used in the assay to ensure zero
order kinetics and thus to measure maximum hydrolytic activity. pNP-a-
glucopyranoside, pNP-B-glucopyranoside and azocasein solutions were prepared by
dissolving the powder substrates in Tris-HCI. These substrates were fully dissolved. pNP-
palmitate, however, was insoluble in Tris-HCI buffer, so an emulsion was prepared in an
isopropanol - Tris-HCI mixture (Supplementary information: Figure S3.1). The tests were
performed in 40 ml vials with air-tight stoppers equipped with a sampling port. On each
assay, all the sample types derived from one sampling were run in parallel. The vials
were flushed with N2 for one minute to create anaerobic conditions. The temperature
of the assays was between 18 and 20°C. Biomass was incubated with the chromogenic
substrates on a Fisherbrand Seastar orbital shaker from Thermo Fisher Scientific
(Waltham, MA USA) at 120 rpm, and samples were taken regularly throughout the
length of the experiment. The samples were sieved through a 100 um mesh to remove



biomass. Immediately after, 1 ml of sample was mixed with 1 ml of 30% (w/v)
trichloroacetic acid (TCA), to stop the enzymatic reaction. Samples were stored at -20°C
until analyzed. The frozen samples were thawed at room temperature, centrifuged and
filtered through 0.45 pm. 1 mL of sample was mixed with 1 mL of 2 M NaOH. Finally,
absorbance was measured in a spectrophotometer Genesys 10S UV-Vis from Thermo
Fisher Scientific (Waltham, MA USA) at the corresponding wavelength (Table 3.1).

Table 3.1. Chromogenic substrates and assay conditions used for the different enzyme assays.

Assay Substrate Concentration Assay length Absorbance
Lipase pNP-palmitate 20 mM 1h 15 min 410 nm
a-Glucosidase  pNP-a-glucopyranoside 1 mM 1h 15 min 400 nm
B-Glucosidase ~ pNP-B-glucopyranoside 1 mM 1h 15 min 400 nm
Protease Azocasein 0.2 % (w/v) 2 h 30 min 440 nm

3.2.3 | Calculation of hydrolytic activity

Absorbance was plotted over time and the data was analyzed through linear regression.
Samples with an R? value lower than 0.7 were discarded (Lundstedt et al. 1998),
considering that the activity was below the detection limit of the method. Samples with
less than 4 data points (due to sample loss or problems in sample analysis) were also
discarded. Triplicate samples were averaged and the standard deviation was calculated
aggregating the standard deviation between triplicates and the standard deviation of
the fits. The slope of the regression was used to calculate the hydrolytic activity of the
samples.

To couple increase in absorbance to moles of substrate hydrolyzed, substrate
characteristics were taken into account. pNP-conjugated substrates release one pNP
mol per mol of substrate hydrolyzed, and therefore the activity is expressed as pumol
pNP hl. A calibration curve with known pNP concentrations was used to translate
absorbance values to umol pNP. Protease activity is generally reported in terms of
tyrosine equivalents: 1 U protease = 1 umol tyr/min (under certain T and pH). To express
protease activity as umol tyrosine equivalents per hour (umol Tyr eq h™l), a correlation
was made between absorbance at 440 nm and Tyr equivalents, for azocasein
(Supplementary information: Figure S3.2). The Tyr content of azocasein is 6.9 Tyr per
mol of protein, and therefore 1 mol Tyr equivalent would translate to 0.14 moles of
protein hydrolyzed.



The specific hydrolytic activity of the different types of sludge was calculated by dividing
the measured activity by the amount of biomass used in the assay. Total activity at
reactor level contributed by the different sludge fractions was calculated by multiplying
the specific activity by the amount of each type of sludge in the reactor. For influent and
bulk fractions, the specific activity was expressed per volume unit. Their total enzyme
activity at reactor level was calculated by multiplying the specific activity by the volume
of influent fed per cycle, and the volume of bulk in the reactor. Bulk volume was
calculated as follows:

Vy =V X (1 =TS X SVIzo x (1 — £)),

where V, is the volume of bulk, V, is the reactor volume, TS is the concentration of
sludge in the reactor and € the porosity of the packed sludge bed, which is assumed to
be 0.52 based on van Dijk et al. (2020).

The total amount of substrate that could be degraded during a 1-hour anaerobic feeding
was calculated simplifying the plug-flow into 10 CSTRs (continuous stirred-tank reactors)
over the total fed influent volume. The following assumptions were made: 1) The
influent fills up the reactor according to the feeding flow, and the hydrolytic activity of
each CSTR segment is only considered once the influent reaches it. 2) The settled sludge
bed occupies the volume corresponding to its SVIs of 40 ml/g. This is around 3830 m3 of
sludge, while the average feed batch is 3870 m? based on the average flow and a feeding
of one hour. Thus, at the end of the feeding the whole sludge bed is filled with influent.
3) The sludge bed is stratified due to differences on settling velocity of the different
granule sizes (van Dijk et al. 2020). Considering the composition of the sludge bed (see
Results: Biomass composition), the first 9 segments only contain large granules, and the
last segment is a mixture of large granules, small granules and flocculent sludge. The
total hydrolytic activity calculated this way was translated from umol pNP h™* and pmol
Tyr eq h! to mg COD substrate hydrolyzed. To do so, we considered the molecular
weight of the substrates, the ratio of dye released to moles of substrate hydrolyzed
mentioned above, and the COD per mg substrate for each biomolecule type based on
Sophonsiri and Morgenroth (2004).

3.2.4 | Analysis of the biomass

Total solids (TS) and volatile solids (VS) of the biomass were measured following
Standard Methods (APHA 2005). Granule size distribution measurements were
performed sieving 1.5 L of sludge through the following mesh sizes: 1000 pm, 200 um,



and 45 pm. The total solids and volatile solids of the resulting sludge fractions were
determined as described in the Standard Methods. The weight percentage of each
faction respect to the total was calculated.

A VHX-700F digital microscope from Keyence (Mechelen, Belgium) was used to take
micrographs of the biomass used for the experiments. The dimensions of the large
granules were determined via image analysis using the built-in software of the
microscope. The average granule diameter values given by the software were used to
calculate the sphere equivalent volume of the granules. Particle size distribution of the
flocculent sludge and crushed granules was measured using a Bluewave light-scattering
particle size analyzer from Microtrac (Montgomeryville, USA).

3.2.5 | Analysis of the influent wastewater

24-hour flow-averaged influent wastewater samples were preserved at 4°C for up to 24
hours. Biological oxygen demand (BODs) was measured using photochemical test-kits,
with product number LCK 555, from Hach (Diisseldorf, Germany). Total suspended solids
(TSS) and volatile suspended solids (VSS) of the influent were measured as described in
the Standard Methods (APHA 2005). Part of the influent was filtered applying positive
pressure through a 0.45 um pore size, using a cross-flow filter, to keep a soluble influent
fraction. The raw and filtered influent were stored at -20°C until further use.

The stored influent samples were thawed at room temperature in closed vials. Soluble
and total COD were analyzed using photochemical test-kits, product number LCK514,
from Hach (Dusseldorf, Germany). Soluble and total protein concentration was
measured using the modified Lowry method (Frglund et al. 1995) which distinguishes
proteins and humic compounds. Soluble and total carbohydrate concentration was
measured using the anthrone-sulfuric acid method (DuBois et al. 1956). Lipid content
was measured using the gravimetric determination method by Merieux Nutri-Sciences
(Resana, Italy). The measured concentration of proteins, lipids and carbohydrates was
converted to COD based on Sophonsiri and Morgenroth (2004).

Long-term measurements of total COD, BODs, TSS, total phosphorus (TP), phosphate
(PO4*>-P), total nitrogen (TN), and ammonium (NHs*-N) in the wastewater were
performed by a certified lab, and provided by the water authority Noorderzijlvest
(Groningen, The Netherlands).



3.3 | RESULTS

3.3.1 | Influent wastewater composition

Several influent parameters were analyzed on three sampling days. The results of the
analyses are summarized in Table 3.2. In addition, long-term measurements of the
wastewater composition are shown, as provided by the water authority Noorderzijlvest.
These averaged values were obtained from the regular plant monitoring in the period
between 1 April 2019 and 6 February 2020.

Table 3.2. Composition of the influent wastewater to the Nereda® reactor. Long term
measurement results were provided by the water authority and resulted from regular plant
monitoring (April 2019 to February 2020).

Measurements during sampling campaign Long-term
g pling paig measurements
1-5-19  7-5-19  8-5-19  26-2-20@  Average Low - high Average

tCOD (g m™3) 567 703 587 301 619 260-800 544
sCOD (g m?3) 143 133 127 - 134 - -
BODs (g m?3) 129 238 283 - 217 100-370 231
TSS (g m3) 393 445 384 - 407 140-380 248
VSS (g m3) 220 308 172 - 233 - -
TP (g m-3) - - - - - 2.5-12 6.6

3.
Pl ,3P - - - - - 1.6-5.9 4
(gm?)
TN (g m?3) - - - - - 21-73 49

+_
NH,™N & - - - - 16-59 41
m-3)
Soluble
proteins 13 18 21 - 17 - -
(g COD m3)
Total proteins
(g.COD m?) 66 86 52 - 68 - -
Soluble
carbohydrates 13 9 8 - 10 - -
(g COD m3)
Total
carbohydrates 110 210 109 - 143 - -
(g COD m3)
Soluble humics
(8COD m?) 99 65 67 - 77 - -
Total humics
(gCOD m?) 157 101 148 - 135 - -
Lipids (g
oD m) 22 - - 17 20 - -
VFA
(g COD m?) 58 9 40 - 29 - -




The rounded average flow to the two Nereda® reactors during the experimental period
was 31000 m® dl. With a biological reactor volume of 9500 m3 per reactor, the
volumetric loading rate of each reactor was 1.6 m3 (m3 d)X. The average sludge loading
approximated 0.07 kg COD (kg TS d). The reactor was operated at an average
volumetric exchange ratio (VER) of 40%.

3.3.2 | Biomass composition

The biomass concentration of the reactor during the sampling period was between 12
and 15 g TS/L. The VS/TS ratio of the sludge was 80 + 1%. The SVIs during this period was
30-40 mL/g. The proportion of large granules (> 1 mm) in the reactor was remarkably
high in this plant; they accounted for 84% of the VS. Small granules were 7% of the VS
and flocculent sludge 9%. The distribution of diameters of large granules (>1 mm) is
shown in Figure 3.1. The average diameter of the large granule fraction is 3.6 mm.
However, it should be noted that when accounting for the volume occupied by the
granules of the different sizes, the distribution shifts towards larger diameters.

% Volume

40 4

152253354455556657 75885
Granule diameter (mm)

20 1

Number of granules

16 2 25 3 35 4 45 5 55 6 65 7 75 8 85
Granule diameter (mm)

Figure 3.1. Granule size distribution of the large granule fraction measured by image analysis. N =
317 granules. On the top right corner, calculated volume distribution of large granules (sphere-
equivalent volume).

The separation of the biomass using sieves did not render perfect separation of the
biomass fractions (Supplementary information: Figure S3.3). The small granule fraction
(0.2-1 mm) was highly heterogeneous, and consisted of a fiber/cellulose matrix that
entrapped biomass and inorganic particles of different sizes. This made it impossible to
determine the granule size of this sludge fraction using the image analysis software.

Flocculent sludge (0.045-0.2 mm) and crushed granules had a comparable particle size
distribution (Supplementary information: Figure S3.4), showing that large granules were
thoroughly homogenized.



3.3.3 | Hydrolytic enzyme activity distribution in the sludge

All mixed sludge samples showed hydrolysis activity on all substrates tested. The specific
activities for the enzymes measured are summarized in

Table 3.3. It should be taken into account that the dye released per substrate hydrolyzed

Hydrolytic activity stdev n
(umol pNP (g VS h)1;
pumol Tyr eq (g VS h)?)

a-Glucosidase 13 2 9
B-Glucosidase 17 5 8
Lipase 34 26 5
Protease 10 6 9

is not equal for all assays (see Methods), and therefore the hydrolysis rates of the
different substrates cannot be compared directly.

Table 3.3. Specific hydrolytic activities of the mixed sludge sample.

Hydrolytic activity stdev n
(umol pNP (g VS h)?;
pumol Tyr eq (g VS h)?)

a-Glucosidase 13 2 9
B-Glucosidase 17 5 8
Lipase 34 26 5
Protease 10 6 9
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Figure 3.2. Specific hydrolytic activities measured in the different sampling days. Note that lipase
samples from the 9th of May had to be discarded due to poor fit of the linear regression. Each bar
represents triplicate samples and error bars represent standard deviation of the triplicates.

The distribution of the activity of hydrolytic enzymes in the different sludge fractions is
shown in Figure 3.2. The maximum hydrolyzed amounts during an anaerobic feed of one
hour, estimated with the measured hydrolytic activities, would be 570 mg COD/L of
protein, 650 mg COD/L of lipid, 80 mg COD/L of a- glycosides and 160 mg COD/L of B-
glycosides (240 mg COD/L of carbohydrates). The biomass specific activity of all the
hydrolytic enzymes tested was highest in the flocculent sludge fraction, while granules
exhibited lower hydrolytic activity per gram VS. The difference between these fractions
differed per type of enzyme and sampling day. Flocculent sludge activity was 1.5 to 7.5
times higher than large granule activity. Depending on the enzyme group and sampling
day, the activity of the small granule fraction was comparable to the larger granules,

between that of flocculent sludge and large granules, or comparable to the flocculent
sludge.
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Figure 3.3. Percentage of hydrolytic activity contributed by large granules, small granules, flocs
and bulk liquid with respect to the total reactor activity. The values represented in the graph are
averaged over three days of sampling (2 days in the case of lipase). Error bars represent standard
deviation.

The hydrolytic activity of each sludge fraction at reactor level was calculated by
multiplying the hydrolytic activity per gram VS by the total VS mass of that fraction
within the reactor. The bulk liquid activity was determined as activity per mL, and
multiplied by the total volume of the bulk liquid in the reactor. Figure 3.3 shows the
percentage of enzyme activity contributed by each of the biomass fractions, averaging
the data from all the sampling days. The data for each of the days can be found in
Supplementary information: Figure S3.5. Considering the total mass of large granules in
the reactor, the total enzyme activity of the large granule fraction was higher than that
of flocs and small granules. Reactor level hydrolytic activity of the granule fraction was
2-3.8 times higher than that of the flocculent fraction for all the substrates. It is
noteworthy that flocculent sludge still had relatively high hydrolytic potential on a
reactor scale (18-28% of the total), even though flocculent sludge occupied only a small
fraction of the VS in the reactor.

Glucosidase activities were not detected in the bulk liquid. Bulk protease activity was
detected but contributed only 4% of the total protease activity in the reactor. Besides,
there were large differences in the bulk protease activity measured per day
(Supplementary information: Figure S3.5). Lipase activity was rather high in the bulk
liquid, accounting for 13% of the activity in the reactor. Upon the observation of high



bulk lipase activities, an additional experiment was conducted centrifuging the bulk
liquid at 12000 rpm for 15 minutes, to ensure that all the cells and other particles were
removed from the sample. The centrifuged bulk still contained high lipase activity,
although it was 20% lower than the activity of the non-centrifuged bulk. This result
indicated that indeed the bulk activity measured in the assays was mainly due to
enzymes in solution and not due to cell-bound enzymes.

3.3.4 | Hydrolytic activity of the influent

All the enzymes measured showed activity in the influent too (Figure 3.4a). Considering
an average influent feed of 3870 m3/cycle, the influent hydrolytic activity that is fed to
the reactor per cycle was calculated. In comparison to the sludge activities measured,
the activity carried by the influent was rather high in the case of a- and B-glucosidase
(Figure 3.4b). The a-glucosidase activity brought by the influent was, on a reactor level,
nearly as high as that of small granules.

Lipase activity was underestimated in the assays where the influent particles were
concentrated by settling. An assay comparing the non-settled influent to the settled
influent showed that the activity contributed by the settled influent fraction was only
43% of the total activity of the wastewater. Therefore, more than half of the lipase
activity in the wastewater was in the supernatant. Thus, concentration of the influent
by settling should be avoided when determining its hydrolytic potential, since the
soluble activity can be quite significant. The protease activity of the total influent could
not be measured due to lower sensitivity of the protease assays, and thus it is unclear if
influent protease assays also neglected the activity in the supernatant.
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Figure 3.4. a) Specific influent hydrolytic activities (activity/mL) measured in different sampling
days. Lipase and protease activities were measured in a settled influent sample; the activity shown
in the graph is the calculated activity per mL of the original influent, taking the settling step into
account. Each bar represents triplicate samples. Error bars represent standard deviation of the
triplicates. b) Comparison of glucosidase activities contained in one feed batch (3870 m3) with the
total activity present in the small granules and flocculent sludge in the reactor. Each bar represents
the average activity during the different sampling days, and error bars represent standard
deviation. Values for large granules and bulk liquid are not included in this figure, but their activity
relative to small granules and flocs can be found in Figure 3.3.

3.3.5 | Enzyme activity in dispersed sludge

Comparison of the enzymatic activity of intact and crushed granules was used to account
for diffusion limitation of the substrates towards the inside of the granules (Figure 3.5).
The activity of crushed granules was higher than that of full granules. This difference



was larger in the case of lipase and protease; intact granules only exhibited 40 to 44%
of the protease and lipase activity measured in the crushed granules.

A higher variability was observed in lipase activity than in the other enzyme activities,
which might be due to differences in the level of solubilization of the pNP-palmitate
solution used in each assay. A poorly dissolved palmitate would render higher observed
differences between intact and crushed granules. The absorbance values of the to
samples highly differed per day, showing high heterogeneity during substrate
preparation.
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Figure 3.5. Activity of crushed granules over activity of intact large granules. Each bar represents
three experiments performed in triplicate (except in lipase where the data is from two
experiments, also in performed in triplicate). Error bars represent standard deviation.

3.4 | DISCUSSION

3.4.1 | Sample heterogeneity and daily variations

The present study disclosed high variability in the determination of hydrolytic activity of
AGS fractions and influent wastewater. This could be for several reasons. One of them
is the substrate preparation procedure, which in the case of pNP-palmitate is laborious.
The other substrates were directly prepared in Tris-HCl and there were no problems with
solubilization. With pNP-palmitate, however, the slightest difference in preparation
conditions (e.g. stirring speed, time and speed of addition of the reagents to the
solution) affected the characteristics of the final substrate solution, resulting in



inconsistent degrees of solubilization. Different concentrations of soluble substrate on
different assays might be a reason behind the high variability of the measured lipase
activity between days. Apart from the implications on measurement reproducibility, this
also indicates that the form in which the substrate is found in the wastewater (i.e.
particulate or soluble) will greatly affect its hydrolysis rate.

Another source of variability was the heterogeneity of the sludge. The standard
deviations of the triplicate samples were significantly high, in some cases reaching 30—
40% of the average value. The differences between triplicates were highest in the large
granule fraction. Taking a representative sample of aerobic granules is challenging, due
to difficulties in sampling fast-settling granules, and also due to the size heterogeneity
of the granule fraction. As shown in Figure 3.1, the large granule fraction consisted of a
large range of diameters. Considering the relatively low volumes of sludge used in the
assay (40 mL per vial), the different granule diameters might have not been equally
represented in all replicates. Therefore, the use of high granule quantities is advisable
to diminish this variability between samples, as well as setting an upper size limit for
large granules, in order to keep surface to volume ratios of the granules in the sample
similar. The quantity of crushed granules prepared was 500 mL, making sure a
representative granule size distribution was used for these experiments.

Lastly, daily fluctuations in the influent composition and concentration added most likely
to the variability of the measurements. Hydrolytic activities tend to vary due to
differences in influent composition, environmental conditions and reactor operation
(Nybroe et al. 1992). Large variations between days were observed on the measured
hydrolytic activity, as shown in Figure 3.2 and Figure 3.4. Similarly to our observations,
high long-term variations in enzyme activities of AS have been previously reported
(Frglund et al. 1995). The relative contributions of the different types of sludge to the
total activity fluctuated less than the individual activities of the fractions. This enabled
us to draw general conclusions about the enzyme activity distribution in the AGS reactor
studied. Other studies have reported different sludge bed compositions, with smaller
granule size and higher concentrations of flocculent sludge fractions (Cetin et al. 2018;
Derlon et al. 2016; Layer et al. 2019; van Dijk et al. 2018). Based on our results, it is clear
that the proportions of the different granules and floc sizes affect the overall hydrolytic
activity of the reactor, and therefore these fractions need to be reported to be able to
compare different reactor performance datasets.



3.4.2 | Biomass-bound activity

This study showed that different sludge fractions from a full-scale AGS reactor have the
potential to hydrolyze influent polymers under anaerobic conditions. Most of the
hydrolyzing potential was found to be biomass-bound for all the substrates, but lipase
activity was also rather high in the reactor bulk liquid (13% of the total activity). Since
the bulk liquid was separated from its suspended solids by settling, low density or
buoyant lipid aggregates might have been retained in the bulk liquid sample, including
the attached lipases.

For proteins and carbohydrates, hydrolytic activity in the reactor is mainly bound to the
biomass. Larsen and Harremoés (1994) reported high bulk liquid hydrolysis of
carbohydrates, but most AS and biofilm studies assigned the main contribution to
biomass-associated hydrolysis and particle removal (Boczar et al. 1992; Boltz and La
Motta 2007; Confer and Logan 1998; Frglund et al. 1995; Karahan et al. 2006; Mosquera-
Corral et al. 2003). Frglund et al. (1995) described AS flocs as a matrix of immobilized
enzymes. This allows the retention of enzymes inside the reactor, and due to the lifetime
of enzymes they can be active in a different phase of the cycle than they were
synthesized (Boczar et al. 1992; Goel et al. 1998). The retention of enzymes would
support the hypothesis that aerobic and anaerobic hydrolysis occur at similar rates. This
would justify using one hydrolytic constant while modelling AGS, regardless of the redox
conditions in the reactor, as proposed in the Activated Sludge Model No. 3 (ASM3)
(Gujer et al. 1999). Yet degradation of polymers by protozoa or other predators should
be considered separately, since their activity was not researched in this work and might
differ during anaerobic and aerobic conditions.

Having enzyme activity predominantly in the (granular) biomass fraction also implies
that contact between the polymeric substrates and biomass is necessary for their
hydrolysis. Recent studies employing magnetic resonance imaging (MRI) and mass
balancing explored the substrate-sludge interaction during a plug flow passage of
influent through a settled bed of AGS (Layer et al. 2020; Ranzinger et al. 2020). Ranzinger
et al. (2020) concluded that colloidal substrates are evenly distributed throughout the
granular sludge bed during plug-flow feeding, but that the interaction between
particulates lager than 1 um and AGS was limited. Even though it is difficult to
extrapolate small scale flow experiments to full scale reactors that are 45 m in diameter,
we could argue that colloidal and polymeric (soluble) substrates, like the substrates used
in our assays, are accessible to the granule bound enzymes in the granules during



anaerobic plug-flow feeding. In contrast, the fate of larger particulate substrates in full
scale systems remains unclear. The high hydrolytic potential in granules found in the
present study encourages further research on how different types and sizes of organic
particles exactly interact with granular biomass during feeding, and to what extent they
are available to the hydrolytic enzymes. This insight could increase the effectiveness and
duration of the anaerobic period, increasing the overall reactor efficiency.

3.4.3 | Surface-dependent hydrolysis

Large granules (>1 mm diameter) were able to hydrolyze all substrates tested. Their
specific activity, however, was lower than that of small granules (0.2-1 mm) and
flocculent sludge (0.045-0.2 mm). A lower specific activity of large granules was
expected due to their low surface area to volume ratio. The diffusion of polymeric
substrates in biofilms is highly reduced or even negligible (Carlson and Silverstein 1998),
and therefore their hydrolysis will be influenced by the biofilm surface area. As reported
by previous studies, polymer degradation is restricted to the first few micrometers of
biofilm surface (de Kreuk et al. 2010; Kommedal et al. 2006). Since azocasein is a polymer
with a molecular weight of approximately 23 kDa, the lower specific protease activity of
large granules compared to other sludge types can be explained by transport limitation.
pNP-palmitate is a smaller substrate (378 Da). Nonetheless, the pNP-palmitate substrate
was an emulsion due to the poor solubility of palmitate in water. (Supplementary
information 1). Moreover, palmitate has been reported to adsorb to the surface of
anaerobic granules, hindering its diffusion (Palatsi et al. 2012). Therefore, a similar
dependency of the surface area to volume ratio for its hydrolysis could be expected. The
a- and B-glucosidase substrates used in these assays had a molecular weight of 301 Da.
Substrates of this size (smaller than sucrose), can diffuse into biofilms rather easily
(Stewart 1998). Nevertheless, flocculent sludge had higher a- and B-glucosidase activity
than large granules, and crushed granules had 1.5 times the activity of intact granules.
This suggests that even for small, soluble substrates, the observed hydrolysis rate is
strongly affected by transport of the substrates into the granules. The surface area
available for hydrolysis will thus be crucial for the hydrolysis of most substrates, but
most importantly for substrates of larger size which cannot diffuse into granules.

The results of lipase and protease assays with crushed granules also evidence surface-
limited hydrolysis in large granules. By dispersing the granules and removing the
resistance to substrate diffusion, the hydrolysis rate increased considerably. The
hydrolytic enzymes made available by crushing might be located in deeper layers of the



granule and only have access to the assay substrates upon crushing. Therefore, they are
likely not involved in the degradation of influent substrates in situ. These enzymes could
be degrading complex substrates in the granule matrix, such as polymers embedded in
the granules or products from cell decay (Adav et al. 2009). Alternatively, the enzymes
released when crushing granules could be mainly located close to the surface and
hydrolyze influent substrates, but at reduced rates, due to limiting substrate
concentrations below the surface induced by mass transfer resistance. Knowing more
specifically where hydrolyzing enzymes are located in granules would help to
understand the processes happening inside the granule, and approximate which layer
of the granules, and thus fraction of the biomass, contributes to the conversion of
complex influent substrates.

3.4.4 | Hydrolytic activity of the influent

The influent contained a- and B- glucosidase activities in the same order of magnitude
as the sludge fractions; for example, a- glucosidase activity of the influent was about 1/3
of that of flocs. Besides, soluble carbohydrate concentrations in the influent were low:
readily biodegradable carbohydrates were probably hydrolyzed in the sewer prior to the
arrival to the plant. The remaining particulate carbohydrates might keep hydrolyzing
during feeding to the reactor; during a 1-hour feeding period a maximum of 10% of the
total carbohydrates could be degraded by the enzymes in the influent. A previous study
suggested that the hydrolysis of influent suspended solids would be mainly performed
by microorganisms in the influent (Benneouala et al. 2017). Besides, a recent study on
the microbial composition of the wastewater treatment plant of Garmerwolde
identified several hydrolyzing microorganisms in the influent (Ali et al. 2019).
Nevertheless, in contrast to AGS, the influent microorganisms have a short retention
time in the reactor. Large granules share few taxa with the influent; they are composed
by a highly specialized, and stable, microbial community with a very high SRT, while the
microbial composition of the flocculent sludge fraction is fluctuating and more affected
by the changes in influent composition (Ali et al. 2019). This indicates that the
hydrolyzing bacteria coming with the influent are likely to end up in flocs when the
sludge bed is mixed during the aeration phase; hence, the hydrolytic activity contained
in influent particles would be partly discharged with the selection spill and partly stay at
the top of the granule bed due to stratification during sludge settling (van Dijk et al.
2020). It is thus unlikely that this layer with flocs would contribute to the hydrolysis of
the particles under the anaerobic feeding conditions, during which the influent is fed
from the bottom of the reactor, especially considering the applied VER of 40%.



3.4.5 | Full-scale hydrolysis and implications for practice

This study demonstrated that aerobic granules have the potential to significantly
contribute to overall reactor hydrolysis. The hydrolytic potential of the large granules
determined in this study would be enough to anaerobically degrade much higher
concentrations of soluble protein and carbohydrates than those present in the influent
(45 and 25 times higher, respectively). The granular sludge also had an overcapacity to
hydrolyse the total lipid, protein and carbohydrates concentrations that were measured
in the influent during the anaerobic phase. However, it should be noted that the rates
in this study are maximum rates: they were measured at excess substrate conditions,
and the complex substrates present in domestic wastewater likely have an overall lower
biodegradability than the four model substrates used here. Therefore, the hydrolysis
rates measured in this study are not directly applicable to granular sludge models. These
hydrolysis rates reflect the enzyme concentration in the different biomass fractions, but
not the in-situ hydrolysis rate. The hydrolysis constant in granular sludge models should
be derived from measurements of the hydrolysis rate of a specific influent by a specific
biomass fraction.

In full-scale AGS, during the anaerobic feeding phase influent is fed through the settled
sludge bed from the bottom of the reactors in a plug-flow regime (Pronk et al. 2015; van
Dijk et al. 2020). The settling velocity of granules is heavily influenced by their size (Liu
et al. 2008; Winkler et al. 2012). Consequently, the settled sludge bed is stratified with
larger granules at the bottom and smaller ones on top (van Dijk et al. 2020). Due to the
lack of mixing during feeding, it is most likely that the products of hydrolysis will only be
available close to where hydrolysis takes place. These conditions highlight the
importance of having hydrolytic activity associated with the large granules. PAOs from
large granules would then have preferential access to the already present VFA in the
influent, but also to the VFA that are formed in the anaerobic phase. This would mean
that higher P removal efficiencies could be achieved than based solely on influent VFA.
Knowing that the sludge has the ability to hydrolyze polymers, the length of the
anaerobic phase can be adjusted to enhance EBPR performance in AGS reactors with
low influent VFA. Our results encourage further in-situ research linking hydrolysis rates
with anaerobic uptake of substrates in domestic wastewater. Still, the hydrolytic activity
in aerobic granules measured in this study suggests that they would have access to more
COD during anaerobic feeding than only influent VFA, supporting granule formation and
EBPR.



Anaerobic hydrolysis and uptake of the hydrolysis products is beneficial for the granule
morphology too (de Kreuk et al. 2010). If polymeric substrates are present during
aeration, hydrolysis will continue and substrate will slowly be released during this phase,
creating local substrate gradients at the surface of the granules and favoring fast
growing heterotrophs. This can result in irregular outgrowth of biofilm surfaces, and
deteriorate the settleability of the sludge (de Kreuk et al. 2010; Mosquera-Corral et al.
2003). Considering the hydrolytic activities measured in this study, most of the soluble
and colloidal polymeric substrates will likely be degraded by granules during the
anaerobic phase, and will not be present during aeration. This rests on the assumption
that soluble and colloidal substrates have sufficient interaction with granules (Ranzinger
et al. 2020). The hydrolysis of larger particulate substrates during plug-flow feeding
might be limited by their contact with the sludge, as discussed before. Their aerobic
hydrolysis will only provide residual readily biodegradable COD (rbCOD) concentrations
during aeration. A slow supply of rbCOD during the aerobic phase is mostly linked to
flocculent sludge growth, with minimal impact on granule structure given appropriate
selective sludge removal is applied (Haaksman et al. 2020). Previous works also observed
that reactors fed with non-diffusible substrates developed a fraction of flocculent sludge
(Derlon et al. 2016; Layer et al. 2019; Wagner et al. 2015), and Layer et al. (2019)
hypothesized that the co-existence of the two morphologies was beneficial for AGS
stability. The particles that are not degraded in the aerobic phase but are incorporated
in the floc structure can be used during the (optional) anoxic phase as substrates for
denitrification. Tougher particles (e.g. cellulose fibers) will not be fully degraded within
the SRT of flocs (<7 days) (Ali et al. 2019) and will be removed with the excess sludge
during the sludge selection spill (Guo et al. 2020; Pronk et al. 2015). A high content of
influent particles in the excess sludge could be related to its high biogas potential due
to low mineralization of the spill sludge discharge (Guo et al. 2020). Hydrolysis of easily
biodegradable polymers by large granules during the anaerobic phase, and selective
removal of the excess sludge containing the more hardly biodegradable substrates,
would explain the fairly regular granule growth observed in Garmerwolde
(Supplementary information: Figure S3.3), and other AGS reactors fed with municipal
wastewaters (Cetin et al. 2018; Derlon et al. 2016; van Dijk et al. 2020).
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SUPPLEMENTARY INFORMATION

Supplementary information 1: Preparation of pNP- palmitate solution.

The pNP- palmitate solution was prepared in isopropanol due to its poor solubility in
water, based on Gupta et al. (2002) and Winkler and Stuckmann (1979). The protocol
was adapted to prepare a higher concentration pNP-palmitate solution, increasing the

isopropanol and Triton X-100 concentrations. To prepare 100 mL of a substrate solution
of 30 mM pNP-palmitate, the following procedure was followed:

1.

6.

0.74 g of sodium deoxycholate (Sigma-Aldrich, Darmstadt, Germany. Product
number D6750) were dissolved in 35.8 mL of isopropanol, stirring vigorously
using a magnetic stirrer. It is essential to provide sufficient turbulence during
this step. The solution should be kept stirring until a dense, white emulsion is
reached.

1.01 g pNP- palmitate were added to the solution. The solution was kept
vigorously stirring until no pNP- palmitate flakes are observed.

0.3 g gum Arabic were added to the solution and stirred until dissolved.

When a homogeneous suspension was achieved, the solution was transferred
to a magnetic stirrer with a heating plate and heated to 35 °C.

53.3 mL Tris-HCl (20 mM, pH 7.5) was slowly added to the suspension, while
stirring.

10.7 mL Triton X-100 were added to the final solution.

The resulting pNP-palmitate solution was a cloudy solution, as shown in Figure S3.1.

Figure S3.1. pNP-palmitate solutions, prepared without temperature control (left) and at 35 °C
(right). Notice the difference between the cloudy emulsion in the right, and the clear solution
with palmitate precipitates in the left.



Supplementary information 2: Protease assays - translation from Absorbance
440 to Tyrosine equivalents.
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Figure S3.2. Procedure to translate Abs 440 to Tyrosine equivalents. A) Azocasein was hydrolysed
using a commercial protease (Sigma-Aldrich, Darmstadt, Germany. Product number P4630). The
release of tyrosine and azo dye during hydrolysis was measured in parallel. Duplicate samples
were taken at several points through time. In one of the samples, absorbance at 440 nm was
measured, to detect the azo dye released. The other sample was treated with Folin & Ciocalteu’s
reagent, which reacts with tyrosine residues making them detectable at Abs 680. Abs 680 was
then translated to Tyr equivalents using a calibration curve with L-Tyrosine (Sigma-Aldrich,
Darmstadt, Germany. Product number T3754) B) Plot of Abs 440 and Abs 680 through time during
the enzymatic reaction. The slopes of Abs 440 vs time and Abs 680 vs time were used to translate
from Abs 440 to Abs 680, and later to Tyr equivalents.
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Supplementary information 3: Micrographs of the sludge and influent
fractions used in the enzyme assays.

Figure $3.3. Microscope images of the biomass fractions used in the assay: A) Mixed sludge, B)
Large granules, C) Small granules, D) Flocculent sludge, E) Influent, and F) Crushed large granules.
Size bars: 1000 um. Note that the small granule fraction consists of a complex fiber matrix and
different sizes of granules, which doesn’t allow to determine the average granule diameter of this
fraction.
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Supplementary information 4: Results of the dispersion of large granules.
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Figure S3.4. Output of particle size distribution measurements of flocculent sludge and crushed
large granules. A) Crushed granules; B) Flocculent sludge. The average particle size in the crushed
sludge fraction was 105.1 + 0.9 um, and in the floc sludge fraction, 101.5 £ 0.6 pm.
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Supplementary information 5: Daily variations of the percentage of the total
reactor activity contributed by the different biomass fractions.

A B
100% 100%
50% 50%
I
I L i L
I i -
0% ] i =B 0% "]
30-4-2019  1-5-2019  2-5-2019 30-4-2019  1-5-2019  2-5-2019
M Large granules m Small granules ® Flocs M Large granules ® Small granules ™ Flocs
C D
100% 100%
50% 50%
i I = I I I
0% = i ] 0% =NE i ] i
7-5-2019 8-5-2019 7-5-2019  8-5-2019  9-5-2019
M Bulk ® Large granules ® Small granules = Flocs M Bulk m Large granules ® Small granules = Flocs

Figure S3.5. Percentage contributions of enzyme activity per sludge type, in the different sampling
days. a) a-Glucosidase, b) B-Glucosidase, c) Lipase, d) Protease. Note the differences in bulk
activity between days for protease, and activity of granules in the case of B- glucosidase.
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Hydrolysis capacity of different sized
granules in a full-scale AGS reactor
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Hydrolysis capacity of different sized granules in a full-scale aerobic granular sludge
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ABSTRACT

In aerobic granular sludge (AGS) reactors, granules of different sizes coexist in a single
reactor. Their differences in settling behaviour cause stratification in the settled granule
bed. In combination with substrate concentration gradients over the reactor height
during the anaerobic plug flow feeding regime, this can result in functional differences
between granules sizes. In this study, we compared the hydrolytic activity in granules of
4 size ranges (between 0.5 and 4.8 mm diameter) collected from a full-scale AGS
installation. Protease and amylase activities were quantified through fluorescent activity
assays. To visualise where the hydrolytic active zones were located within the granules,
the hydrolysis sites were visualized microscopically after incubating intact and sliced
granules with fluorescent casein and starch. The microbial community was studied using
fluorescent in situ hybridization (FISH) and sequencing. The results of these assays
indicated that hydrolytic capacity was present throughout the granules, but the
hydrolysis of bulk substrates was restricted to the outer 100 pm, approximately. Many
of the microorganisms studied by FISH, such as polyphosphate and glycogen
accumulating organisms (PAO and GAO), were abundant in the vicinity of the
hydrolytically active sites. The biomass-specific hydrolysis rate depended mainly on the
available granule surface area, suggesting that different sized granules are not
differentiated in terms of hydrolytic capacity. In this chapter, we discuss the possible
reasons for this and reflect about the implications for AGS technology.



4.1 | INTRODUCTION

Aerobic granular sludge (AGS) is an advanced wastewater treatment technology, which
uses granular biofilms for removing pollutants from the wastewater. Besides removing
COD, AGS can perform enhanced biological phosphorus removal (EBPR) and biological
nitrogen removal (Bengtsson et al., 2018; de Kreuk et al., 2005; Pronk et al., 2015b). In
most full-scale applications, the treatment involves anaerobic uptake of COD followed
by aerobic/anoxic biomass growth. This is achieved by applying a sequencing batch
reactor (SBR) cycle that consists of three phases: anaerobic feeding, reaction and settling
(Bengtsson et al., 2018; Derlon et al., 2016; Pronk et al., 2015b). At the end of the settling
phase, slow settling sludge is selectively discharged (referred to as selection spill). The
treated water is discharged during the next feeding phase, displaced by the influent
volume fed from the reactor bottom. Plug-flow feeding is important to avoid mixing of
the untreated influent and treated effluent, and to provide high local substrate
concentrations (de Kreuk and van Loosdrecht, 2004; Pronk et al., 2015a).

The employed SBR cycle, besides ensuring adequate wastewater treatment, influences
biomass differentiation. AGS reactors are usually composed of granules of different sizes
and flocs. In AGS literature, a range of granule diameters has been reported, varying
from 0.2 mm to more than 6 mm (Coma et al., 2012; Lanham et al., 2012; Layer et al.,
2019; Stes et al., 2021; Toja Ortega et al., 2021a). The selection spill wastes mainly flocs
and small granules, which creates biomass fractions with different SRTs in the same
reactor (Ali et al., 2019; Guo et al., 2020). Large granules can have an SRT of months,
while on the opposite end flocculent sludge is retained for only a few days (Ali et al.,
2019). In addition, plug-flow feeding results in higher substrate concentrations at the
bottom of the sludge bed. Larger granules, with a higher settling velocity, are more likely
to end up in the bottom of the settled bed during feeding, experiencing higher substrate
concentrations than small granules (van Dijk et al., 2022). These conditions could result
in functional differences between the granules of different sizes, coupled to their
differences in mass-transfer resistance. For instance, in the full-scale AGS plant of
Garmerwolde, the Netherlands, polyphosphate-accumulating organisms (PAO) and
glycogen-accumulating organisms (GAO) were more concentrated in the larger granules
(Ali et al., 2019). Such selection was attributed to the long retention of large granules
and their preferential uptake of volatile fatty acids (VFA) during feeding. Moreover,
larger granule sizes are more suitable for simultaneous nitrification-denitrification (SND)
because of their larger anoxic volume during the reaction phase (Manuel Layer et al.,
2020). In smaller granules, on the other hand, nitrifying organisms are enriched due to
a larger relative aerobic volume (Nguyen Quoc et al., 2021). Similarly, granule size could



be important for the hydrolysis of slowly biodegradable substrates. However, biomass
differentiation regarding hydrolysis has not been studied in detail yet.

Hydrolysis is a key process to consider when studying the fate of polymeric substrates
during wastewater treatment. These substrates make up the largest COD fraction in
municipal wastewater, and must be extracellularly hydrolysed to compounds of smaller
molecular weight (<1 kDa) to be assimilated by microorganisms (Ferenci, 1980;
Hollibaugh and Azam, 1983). Previous experimental work found hydrolysis to be mainly
biomass-bound, rather than occurring in the reactor bulk liquid (Confer and Logan,
1998b; Goel et al., 1998b; Janning et al., 1998, 1997; Mosquera-Corral et al., 2003). In
full-scale AGS, aerobic granules showed significant hydrolytic activity, suggesting that
wastewater polymers can be utilized by granules (Toja Ortega et al., 2021a). However,
the limited diffusion of polymers into the granules affects their hydrolysis, resulting in
lower biomass-specific hydrolysis rates in granules compared to flocculent sludge.
Moreover, several studies suggest that most of the particulates are captured by
flocculent sludge, and the granules are only accessible for polymeric substrates of
smaller size (i.e. colloidal and soluble) (M. Layer et al., 2020; Ranzinger et al., 2020).
Those polymeric molecules can be present in the wastewater or originate from the
conversion of the particulate COD. Thus, it is still uncertain how relevant granules are
for hydrolysing influent polymers and which granule volume is hydrolytically active.
Those points should be addressed to clarify the contribution of polymeric COD to
nutrient removal processes and stable granule growth.

In addition, it is not known whether all granules within an AGS reactor have a similar
hydrolysis capacity. Smaller granules would presumably hydrolyse influent substrates at
a higher rate due to their higher available surface area (Toh et al., 2003). Nevertheless,
the hydrolytic activity of granules of different sizes might be influenced by factors other
than mass transfer of the substrate. For instance, the abovementioned SRT differences
and substrate concentration gradients in the sludge bed during feeding could support
the enrichment of hydrolysing organisms and enzymes in some specific granule sizes.
Exploring differences in hydrolytic activity along the AGS bed would add to the current
knowledge of biomass differentiation in AGS reactors. Furthermore, the distribution of
hydrolytic activity may reflect the removal mechanism of particulate substrates in AGS.
Understanding the differences in microbial activity on different granule size ranges can
ultimately aid process control.

In this study we explored the location of hydrolysis in AGS on granule level. First, we
studied whether granules of different sizes within an AGS bed are differentiated in terms
of their hydrolytic potential. We compared the biomass-specific hydrolysis rate of



granules of different sizes, focussing on protease and amylase activities. These enzyme
groups were targeted based on previous studies that showed significant protease and
a-glucosidase activities on AGS (Toja Ortega et al., 2021a, 2021b). In addition, we
investigated the location of hydrolysis within granules, to gain insight into substrate
penetration depth and the distribution of enzymes throughout the granules. Microbial
groups of interest were identified via fluorescence in situ hybridization (FISH) to study
their localization relative to the hydrolysis sites. The hydrolytic activity results from each
granule size fraction were finally evaluated in relation to other granule characteristics,
such as granule density and settling velocity, substrate uptake rate, and microbial
community composition. Based on these observations, we reflect on the implications of
our findings for particulate hydrolysis in AGS and full-scale operation.

4.2 | MATERIALS & METHODS

4.2.1 | Sludge sampling and processing

Aerobic granules were harvested in wastewater treatment plant (WWTP) Utrecht, the
Netherlands. The plant treats domestic wastewater in 6 Nereda® reactors of 12000 m3,
designed by Royal HaskoningDHV and operated by the Dutch district water authority
Hoogheemraadschap de Stichtse Rijnlanden. The average flow during the sampling
period was 74,700 m3 d%, and the reactors are operated with a sludge loading of 0.05
kg COD kg VSS? dL. The full-scale reactors were sampled after at least 20 minutes of
aeration to ensure a homogeneous mixed liquor sample.

The granules were separated into four size fractions by sieving the reactor mixed liquor
through different mesh sizes. The resulting granule size fractions consisted of the
following diameter ranges: 0.5-1 mm, 1.6-2 mm, 2.5-3.15 mm, and 4-4.8 mm. Non-
overlapping fractions were used in the study to facilitate the comparison between
granules of different size. The granule fractions derived from sieving were cleaned based
on settling to remove non-granule material, like husk and fibres. To do so, granules were
transferred to a beaker and tap water was added. The content of the beaker was mixed
by stirring. After a few seconds of settling time, granules were at the bottom of the
beaker and the liquid only contained the non-granular fraction that was subsequently
discarded. The process was repeated for 5-10 times until the discarded liquid was clean.
The resulting granule size fractions were stored at 4°C until use, for a maximum of 2
days. Before the assays, the granules were acclimatized for half an hour in 10mM Tris-
HCI buffer (pH 7.8) at room temperature (20°C).



4.2.2 | Protease and amylase assays

Protease and amylase activities of the granules were quantified using fluorogenic
substrates. These substrates enable studying the activity on a single granule scale, in a
96-well-plate reader. Furthermore, studying the hydrolysis of real wastewater polymeric
substrates is extremely challenging due to their complexity and variability. Therefore,
surrogates were used to provide a reproducible experimental setup and study the
hydrolytic capacity of granules in detail. The hydrolytic activity assays were based on the
protein hydrolysis assay described by Van Gaelen et al., 2020. Protease activity was
measured using the BODIPY® FL casein substrate (EnzChek Protease Assay Kit E6638,
Thermofisher scientific, Waltham, Massachusetts, USA). Amylase activity was measured
using the BODIPY® FL DQ™ starch substrate (EnzChek™ Ultra Amylase Assay Kit E33651,
Thermofisher scientific, Waltham, Massachusetts, USA). The substrates were prepared
following kit instructions, rendering a protease solution of 10 mg BODIPY® casein/L and
an amylase substrate of 200 mg BODIPY® starch/L. There was a modification: amylase
substrate was prepared using the digestion buffer provided in the protease assay (10
mM Tris-HCl, pH 7.8, 0.1 mM sodium azide), in order to keep the same assay conditions.
The digestion buffer used in the assay was also the 200 mM Tris-HCI provided in the
protease assay.

Two types of sample were studied per granule size fraction: intact granules and crushed
granules. The latter were used to determine the hydrolytic capacity of the sludge
minimizing mass transfer limitation. Each granule size fraction was studied on a separate
run, using a 96-well plate. In each run, hydrolysis rates were monitored in 4 wells
containing crushed sludge, as well as in 20 wells containing one intact granule per well.
For the intact granule samples, 100 pl of digestion buffer and one granule were added
to the assay wells. The crushed granules were prepared by using a Potter-Elvehjem
tissue grinder, and diluted to an approximate concentration of 1 g TSS/L using digestion
buffer. Then, 100 pl of crushed sludge sample were added to the assay wells. To start
the assay, 50 pl of substrate was added to all the samples. Besides the samples, controls
were added in each assay. Blanks were prepared for each type of sludge, by adding
digestion buffer instead of substrate. Standard samples were also included for each type
of sludge, by adding a known concentration of hydrolysed substrate (standard) instead
of fresh substrate. The standards were prepared by hydrolysing an aliquot of the
substrate solution with commercial enzyme (P5985 and 10065, Sigma-Aldrich, St. Louis,
MO, USA).

Hydrolytic activity was monitored in a 96-well plate reader (FLUOstar Galaxy Multi-
functional Microplate Reader, BMG LABTECH, Ortenberg, Germany). The reader



measures the fluorescence intensity in each of the 96 wells in defined time intervals.
Each experiment ran for approximately 1.5 h, with fluorescence readings every 5
minutes. For both substrates, the Ex/Em wavelengths 485/538 nm were used. The
experiments were performed with acclimatised granules at room temperature, with
linear mixing. Per hydrolytic activity assay, all the granules were fractionated from the
same mixed liquor sample batch and their activities were measured on the same day.

4.2.3 | Calculation of hydrolysis rates

The fluorescence intensities from the individual wells were analysed through linear
regression. The fluorescence intensities of each well were normalized with the
fluorescence intensity of the standards. The linear range of the time-resolved
fluorescence curve was visually selected to calculate the hydrolysis rate, expressed as
fluorescence (arbitrary units) per hour. The activity per g VSS was calculated by
estimating the amount of biomass in each well. In the crushed sludge samples, the VSS
concentration of the samples was directly measured following Standard Methods
(APHA, 2005). For the granule samples, the amount of biomass per well was variable,
and therefore the VSS per well was estimated, instead of measured directly. The
estimation was done as follows. First, granule volume was estimated through light
microscopy. The plate was placed under a digital microscope (VHX-700F, Keyence,
Mechelen, Belgium) and an image of each granule was captured. The images were
analysed using the microscope software, to extract the circle equivalent diameter of the
granules. The granule volume was then calculated from this diameter, assuming
spherical granules. Finally, the granule volume was translated to VSS using granule
biomass density, determined separately (see Materials & Methods, Additional
characterization of the granule fractions). Hydrolytic activity was also expressed relative
to granule surface area. The surface area, too, was calculated based on the circle
equivalent diameter determined via image analysis of each granule separately. The
obtained biomass-relative and surface-relative rates were normalized against the
highest measured rate to simplify visualizations, given that the fluorescence units were
by definition arbitrary.

4.2.4 | Enzyme staining and microscopic examination

Identification of hydrolytically active sites

BODIPY® FL casein and BODIPY® FL DQ™ starch were also used for localizing hydrolytically
active sites in the granules. The objective of these experiments was to assess the
location within the granule at which polymers from the bulk can be hydrolysed. The



procedure was based on the enzyme staining method described for activated sludge (Xia
et al., 2008b, 2008a, 2007). We modified the protocol to stain the biofilm instead of
flocculent sludge. Substrate solutions of 100 mg/L were prepared diluting the substrates
in Tris-HCI buffer (10 mM, pH 7.8). The substrate concentration and incubation time
were chosen based on preliminary assays (Supplementary information, Table S4.1).
Granules were incubated with fluorescent substrates in 2 mL sample tubes (Eppendorf,
Hamburg, Germany). Approximately 120 mg of fresh granules (5 mg TS) were added to
500 pl of digestion buffer and 250 pl of substrate solution. That rendered a substrate to
sludge ratio of 5 pg substrate per g TS. Samples were incubated for two hours, in the
dark and with orbital shaking at 120 rpm (Fisherbrand Seastar, Thermo Fisher Scientific,
Waltham, USA).

After incubation with fluorescent substrates, the granules were transferred to freeze-
drying medium (Neg-50™, Thermo Fisher Scientific, Waltham, USA) and stored at 4°C
overnight, protected from light. Then, the granules were sectioned in a Leica CM1900
cryostat (Leica microsystems, Nussloch, Germany). The temperature of the blade and
the sample holder was -22°C, and the granules were sectioned in 20 um-thick coupes.
Granule sections were spread on poly-lysine coated slides and air-dried in the dark.
Finally, the sections were examined using a Zeiss Axioplan 2 epifluorescence microscope
(Zeiss, Oberkochen, Germany). The fluorescent signals from the hydrolysed BODIPY® FL
casein and BODIPY® FL DQ™ starch were visualized and captured using a FLUOS filter
(excitation 485 nm, emission 515-565 nm).

Distribution of hydrolytic enzymes throughout the granule

A variation of the above described method was used to explore the distribution of
enzymes throughout the granule. Fresh granules were sliced using a scalpel, mounted
in a microscope slide, and incubated with the fluorogenic substrates. The granule
sections were covered with 10 ul of a 2:1 buffer:substrate solution and incubated in the
dark for 2 hours. Then, the substrate solution was replaced by digestion buffer and the
slides were observed on the fluorescence microscope.

4.2.5 | Fluorescent in situ hybridization (FISH)

After inspecting the activity staining, the granule sections were fixed in ethanol (50%)
for 2 hours. Ethanol fixing was used independently of the microbial group targeted by
FISH (Gram negative or Gram positive), as described in Xia et al., 2007 (Xia et al., 2007).

The following probes were used: EUBmix, staining most bacteria (a mixture of EUB338,
EUB338-Il and EUB338-IIl) (Amann et al., 1990; Daims et al., 1999); PAOmix, targeting



Ca. Accumulibacter-related polyphosphate accumulating organisms (PAO) (a mixture of
PAO462, PAO651, and PAO846) (Crocetti et al., 2000); GAOmix, targeting glycogen
accumulating organisms (GAO) (a mixture of GAOQ431 and GAOQ989 probes) (Crocetti
R. et al., 2002); Actino-221, targeting actinobacterial PAO related to genus Tetrasphaera
(Kong et al., 2005); CFX1223 (Bjornsson et al., 2002) and GNSB-941 (Gich et al., 2001),
targeting most members of the phylum Chlorofilexi; and Baclll targeting activated
sludge clones of the family Saprospiraceae (Kong et al., 2007). Detailed information of
all these probes is given in probeBase (Loy et al., 2003). All the probes were Cy3 or Cy5
labelled.

FISH staining was performed as described in Bassin et al., 2011 (Bassin et al., 2011).
Samples were incubated for 2 hours with the FISH probes. The stained slides were
mounted with VECTASHIELD® antifade mounting medium (Vector laboratories,
Burlingame, CA, USA), and inspected on the epifluorescence microscope. The hybridised
cells were visualized using the filters Cy3 (excitation 546 nm, emission 575-640 nm) and
Cy5 (excitation 575-625 nm, emission 660-710 nm).

4.2.6 | Microbial diversity analysis

Three sludge samples were collected at different points of each of the studied reactors
(R1, R3 and R4). Each of the triplicate samples was sieved separately using the same
procedure as described in section 2.1. 15 mL of the sieved granules (roughly 300 mg TSS)
of each size fraction were homogenized using a tissue grinder. The homogenized
samples were centrifuged at 14,000 g for 5 minutes and approximately 2 mg TS of the
resulting pellet were added to the extraction tubes. DNA was then extracted as
described in Toja Ortega et al., 2021b.

The V3-V4 regions of the 16S rRNA gene was amplified and paired-end sequenced in an
llumina NovaSeq 6000 platform by Novogene (Beijing, China). The primer set 341F [5'—
CCTAYGGGRBGCASCAG-3'] and 806R [5'— GGACTACNNGGGTATCTAAT-3'] was used.
The raw reads were deposited in the National Center for Biotechnology Information
(NCBI) Sequence Read Archive (SRA) on BioProject PRINA837281.

The trimmed and merged sequences provided by Novogene were processed using
QIIME2, version 2020.2 (Bolyen et al., 2019). The sequences were quality-filtered using
Deblur (Amir et al., 2017), trimming the sequences the 3’ end at position 237 (parameter
p-trim-length). With the remaining sequences, alpha and beta diversity metrics were
generated, and differences in diversity between granule sizes were assessed using
PERMANOVA (Anderson, 2001). A p-value of 0.05 was used as cut-off for significance.
Finally, taxonomic affiliation of the sequences was determined by aligning the



sequences to the MIDAS 3.6 database (Nierychlo et al., 2020). Sample subsetting,
visualization and further statistical analysis was performed in R, using the Phyloseq and
Ampvis2 packages (Andersen et al., 2018; McMurdie and Holmes, 2013). Differences in
the relative abundance of the 20 most abundant genera were studied performing a Wald
test. The relative abundances in the smallest and largest granules were compared.
Differences were considered significant with a p value below the Bonferroni-corrected
p value of 0.05 (p = 0.05/number of comparisons).

4.2.7 | Additional characterization of the granule fractions

PAO activity

The activity of PAO was assessed in the four granule size fractions through batch tests.
The assay was performed in triplicate. The granules, which had been stored
anaerobically overnight, were acclimated by aerating for 35 min. Then, they were
crushed using a Potter-Elvehjem tissue grinder and buffered with 20 mM Tris-HCI (pH
7.5). The assays were conducted in 500 mL bottles, with a final sludge concentration of
approximately 3 g VSS/L. Sodium acetate was added to a final concentration of 170 mg
COD/L. The bottles were sealed with rubber stoppers and flushed with N2 for two
minutes to provide anaerobic conditions. The samples were incubated for two hours in
a Fisherbrand Seastar orbital shaker at 120 rpm, taking samples regularly (every 6-10
minutes). Samples were filtered using 0.45 um PES syringe filters. The acetate
concentration of the samples was measured in a gas chromatographer equipped with
an FID detector (7890A GC; Agilent Technologies, Santa Clara, CA, USA). Phosphate
concentration was determined colorimetrically using the USEPA method 365.1, in an
AQ400 discrete analyser (Seal analytical, Mequon, WI, USA). The TSS and VSS
concentration of the sludge solutions used in the assay were determined following
standard methods (APHA, 2005).

Settling tests

The terminal settling velocity of granules was studied in a measuring cylinder with an
internal diameter of 7.94 cm and a height of 42.1 cm, filled with tap water. Granules
were placed individually at the top of the cylinder and their settling was recorded using
a camera (GoPro Hero Session 4, San Mateo, CA, USA). Around 50 granules were
examined per size fraction.



Granule biomass density measurements

Granule biomass density was measured using the modified dextran blue method, as
described in Van den Berg et al.,, 2021 (van den Berg et al., 2022a). The density
measurements were performed in 200 mL samples, and each granule size fraction was
measured in triplicate.

4.3 | RESULTS & DISCUSSION

4.3.1 | Granule size effect on hydrolysis rate

The hydrolysis capacity of different sized aerobic granules was studied using fluorescent
protease and amylase assays. Biomass-specific hydrolytic activity (fluorescence [AF]/g
VSS/h) was inversely proportional to granule diameter (Figure 4.1). This relationship can
be explained by the changes in surface/volume ratio with respect to granule diameter,
(SA/V o« d?, for a perfect sphere). The areal hydrolysis rate (AF/m?/h) somewhat
decreased with increasing granule size too (Figure 4.1). Hence, the smaller granules had
a higher biomass-specific hydrolytic activity, supported mainly by their proportionally
higher available surface area and enhanced by a higher activity per surface area.
According to these results, the hydrolytic capacity that potentially could degrade
influent particulates can be doubled by halving the average granule diameter in an AGS
reactor.

The different biomass-specific rates indicated that hydrolysis was, as described
previously, conditioned by mass transfer. In WWTP Garmerwolde, crushed granules and
flocs showed roughly twice as high hydrolytic activity as intact granules (e.g., protease
rates were 0.016 and 0.017 umol product mg VS h'* on crushed granules and flocs, and
0.007 umol product mg VSt h'l on intact granules) (Toja Ortega et al., 2021a). Activated
sludge studies using similar methods also generally reported higher hydrolysis rates than
those measured in granules, although hydrolysis rates differed between studies and
plants up to two orders of magnitude (e.g. protease activities reported in AS range from
0.015 to 2.1 pmol product mg VS h') (Frglund et al., 1995; Nybroe et al., 1992). In this
study too, the available surface area determined the activity of the sludge, and the
hydrolysis rates increased upon granule crushing (data not shown). The starch and
proteins used in the assays were soluble substrates: the molecular weight of the labelled
starch was lower than 1 kDa; and casein has a molecular weight of around 24 kDa.



Considering that the hydrolysis rate of even the small starch molecules was determined
by the available granule surface area, the same could be expected for larger substrates.

1.00
PR
8. 07 1000
S B }
25 5 SV H
51— ht
o U 8= :
£2 g > " i .
© 50 ]
g g £ o 5. Lo TN
@ 025 &3 o < i e
i 0.25
<
.00 0.00
3 4 1 2 3 4
Granule diameter [mm] Granule diameter [mm]
1.00
%E‘ 1.00
2, E ol
£ 8=
2% 2 E os0- %%
og g E od .
= .
@ = = uﬂ % e .
2 02 e s " gt v\..-"
E ..
00 0.00

Granule diameter [mm)] Granule diameter [mm]

Figure 4.1. Hydrolysis rates measured in granules between 0.5 and 4.8 mm. a) Protease activity as
a function of granule diameter; and b) amylase activity as a function of granule diameter. In the
left graphs, biomass specific activity is shown, as increase in fluorescence per gram VSS per hour.
In blue, the inverse proportional fit of the data is shown (y = k / x). The right graphs show the
surface-specific hydrolytic activity, as increase in fluorescence per granule surface (m2) per hour.
Each data point represents one granule.

4.3.2 | Hydrolysis sites and hydrolytic capacity distribution within
granules

Mass-transfer limited hydrolysis of polymeric substrates occurs at the granule surface

The sites of hydrolysis were microscopically visualized in granules incubated with
fluorescent substrates; intact granules were incubated for 2 hours and cryosectioned
afterwards. Figure 4.2 shows the micrographs of granules of 4 different sizes incubated
with BODIPY-casein. Amylase assays rendered similar results which can be found in the
Supplementary information, as well as additional protease images (Figures S4.3-S4.5).
All the granule sizes revealed a hydrolytically active layer in the outer part of the
granules. The thickness of this layer varied depending on the zone of the granule, and



rarely reached further than the outer 100 um of granule. Granule size did not appear to

impact the thickness of the hydrolytically active layer.

Figure 4.2. Fluorescence microscope images of sections of intact granules incubated with BODIPY-
casein. a) 0.5-1 mm granule; b) 1.6-2 mm granule; c) 2.5-3.15 mm granule; d) 4-4.8 mm granule.
All size-bars indicate 100 um. The areas where BODIPY-casein is hydrolysed appear bright green.
Protease active sites were generally arranged in a thin layer close to the surface of the
granules, within the outer 100 um. In some spots along the granule surface, larger
fluorescent patches could be observed which exceeded the 100 um of depth. Those
areas were generally more fluffy (Supplementary information; Figure S4.4.2). With
protease staining, it was seldom possible to distinguish individual stained cells, but
rather a cloudy background was observed, as if hydrolysis products were distributed
throughout the extracellular space. For amylase, on the contrary, distinct cells were
discernible, even though a fluorescent background was observed too (Supplementary
information; Figure S4.5). Nevertheless, the granule depth at which hydrolysis occurred
was similar for both substrates.



Hydrolytic potential is also present deeper inside the granule

The distribution of hydrolytic potential in granules was further inspected by eliminating
mass transfer limitation, that is, slicing granules before incubating them with fluorescent
substrates in order to expose the full sectional plane to the fluorescent substrate. The
result of these experiments differed for both substrates: while proteases seemed to be
distributed throughout the whole granule, amylase activity was still restricted to the
outer parts of the granules, although in a thicker layer than when incubating intact

granules (Figure 4.3).
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Figure 4.3. Micrographs of granules incubated with labelled substrate after sectioning, showing
the incubated sectional plane. Top = granule incubated with Bodipy-casein; bottom = granule
incubated with Bodipy-starch. The hydrolytically active granule areas appear bright, due to the
fluorescence emitted by hydrolysed BODIPY. On the right, the hydrolytic activity of the crushed
granules of different sizes is plotted; each bar represents the average of 4 samples (error bars =
standard deviation).



The activity distribution observed under the microscope related to the hydrolysis rates
measured in crushed granules (Figure 4.3). When the granule structure was disrupted
by crushing, all the granule sizes had the same protease activity, suggesting that the
inner parts of the granules had similar hydrolytic capacities across granule sizes. On the
contrary, the amylase activity of crushed granules decreased with granule size. Based on
the microscopic observations, this could be due to low or no amylase activity in the inner
volume of granules, and the larger proportion of such volume in larger granules.

The difference in protease and amylase enzyme distribution might be related to the
distribution of different macromolecules in the granule matrix. Previous studies
investigating the distribution of extracellular polymeric substances (EPS) in lab-grown
AGS reported that a-polysaccharides were mainly present close to the granule surface
(Adav et al., 2008; McSwain et al., 2005). Proteins, on the other hand, were distributed
throughout the granule, and the granule core was mainly composed of protein. The
distribution of proteins and polysaccharides in full-scale granules was not studied yet,
but might be similar to the reported observations in lab-grown granules. The different
distribution of proteases and amylases throughout the granules might reflect the
distribution of their potential substrates, proteins and alpha polysaccharides, on the
granule matrix. In spite of these differences in granule-wide distribution of protease and
amylase activity, the hydrolysis of both casein and starch in intact granules was
restricted to the granule surface, indicating that hydrolysis is mass-transfer limited.

4.3.3 | Microorganisms in the vicinity of the hydrolytically active
layer

Microorganisms surrounding the hydrolytically active layer were identified by FISH. PAO,
GAO, and putative starch and protein hydrolysers were targeted via FISH probes. GAO
and Ca. Accumulibacter-related PAO were abundant in all granule sizes. PAO were most
concentrated in the outer granule layers, while GAO were abundant in the core too.
These microorganisms were often intercalated with hydrolytically active cells (Figure
4.4a).



Figure 4.4. Fluorescence microscope images of aerobic granules stained with fluorescent
substrates followed by FISH. Blue = EUB; Green = activity staining (amylase in a-c; protease in d-
f); Red = specific microbial groups: a) PAOmix; b) Actino-221 (Tetrasphaera); c) GAOmix; d) Bac111
(Saprospiraceae); e-f) CFX1223 + GNSB-941 (Chloroflexi), at two different magnifications to
visualize granule surface and granule-wide distribution. Size-bar = 20 um. The arrows in b indicate
individual stained cells (I: starch hydrolysing Tetrasphaera; |l: non-Tetrasphaera starch hydrolyser;
I1l: non-starch hydrolysing Tetrasphaera).

The amylase-staining was still visible after the FISH hybridization procedure, making it
possible to identify some of the starch hydrolysing organisms. Some of the starch
hydrolysers hybridized with the probe Actino-221 (targeting Tetrasphaera), specifically
some of the filamentous starch hydrolysers (Figure 4.4b, arrows 1). Some of the



Tetrasphaera members can hydrolyse starch, and they are overall regarded as dominant
glucose fermenters in EBPR plants (Nielsen et al., 2012; Xia et al., 2008a). Despite some
of the amylase stained cells were identified as Tetrasphaera, most of the starch
hydrolysing organisms remained unidentified. In general, the abundance of
Tetrasphaera was high, as in previous AS and AGS studies (Ali et al., 2019; Nguyen et al.,
2011; Stokholm-Bjerregaard et al., 2017; Toja Ortega et al., 2021b).

Since individual cells were seldom stained with protease substrates, protein hydrolysing
organisms could not be identified. Nevertheless, it was possible to observe the
microorganisms in the vicinity of the active protease sites. Phylum Chloroflexi and family
Saprospiraceae were targeted as putative hydrolysers (Xia et al., 2007). The probes
targeting these taxa hybridized with a significant amount of organisms in the sludge.
Some of the Chloroflexi or Saprospiraceae hybridized cells were located close to the
hydrolysis sites; however, their distribution was not restricted to those sites, and they
were most abundant further from the granule surface. Therefore, their relevance for
protein hydrolysis could not be determined. Saprospiraceae were rod-shaped, often
arranged in colonies, and located mostly in the outer part of the granules. Chloroflexi
were filamentous and widely distributed throughout the granules. Chloroflexi-
hybridized cells were specially abundant in the granule core, where they might be
subsisting on cell decay products and other recalcitrant compounds (Figure 4.4f)
(Kragelund et al., 2007). Interestingly, the Chloroflexi genus Kouleothrix was identified
by 16S as one of the abundant genera (Figure 4.5b). This genus is considered a major
indicator of bulking in AS (Nittami et al., 2017). However, it did not seem to have
detrimental effects on aerobic granules. Chloroflexi filaments did not result in
filamentous outgrowths or irregular granule surfaces (Supplementary information,
Figure S4.6). They rather constituted a filamentous network inside the granules (Figure
4.4 e, f). Asimilar observation was made by De Graaf et al. (2020), who cultivated aerobic
granules with a high abundance of the filamentous Thiothrix. The high proportion of
filamentous organisms in the granules did not deteriorate granule morphology or cause
operation issues, showing that operating conditions rather than bacterial morphology
determine granule stability (de Graaff et al., 2020). This interpretation is supported by
our observation of filamentous organisms thoroughly distributed in stable full-scale
granules.

4.3.4 | Additional comparison of the different granule size fractions

The microbial composition of granules of different sizes was compared, based on 16S
rRNA amplicon sequencing results. Figure 4.5b shows the average abundance of the
main 20 genera. The abundances of the main microorganisms showed some variation



between reactors; for the composition per reactor, check Supplementary information
(Figure S4.7). Nevertheless, the main genera were shared between all samples. The
microbial community composition differed significantly between the different granule
size fractions. When studying the Bray-Curtis dissimilarity between samples, one can
appreciate that samples cluster according to granule size (Figure 4.5a). The distance
between samples grows with increasing granule size difference.

In all granule sizes, the microorganisms targeted by FISH were found in high relative
abundance in NGS results. However, the differences in relative abundance between
granule sizes were small. An increase in Ca. Competibacter and Ca. Accumulibacter can
be noticed with increasing granule size, but the relative abundance differences are not
significant (p < 0.05/number of comparisons). The relative abundance of the family
Saprospiraceae did significantly increase from the largest to smallest granule sizes.
Other genera that were at significantly higher concentrations in the smaller granules
were the nitrifying Nitrosomonas and Nitrospira, as described previously (Nguyen Quoc
et al,, 2021). To check other significant abundance differences on the most abundant

microorganisms, see Supplementary information (Tables S4.8.1 and 54.8.2).
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Figure 4.5. Microbial differences between aerobic granules of different sizes. A) PCoA plot of the
Bray-Curtis dissimilarity between samples. Each point represents one DNA sample. B) Heatmap
showing the most abundant genera identified by 16S rRNA amplicon sequencing. The values in
the heatmap signify percent of reads of an OTU in three reactors and triplicate samples. All
samples were taken in the same day.



Activity batch tests revealed an increasing specific anaerobic acetate uptake and P
release with increasing granule size (Table 4.1). The terminal settling velocity was also
higher in the largest granules, as expected due to their larger size (Liu et al., 2008; van
Dijk et al., 2020) (Table 4.1). These results are in agreement with the observations at
Garmerwolde WWTP and the hypothesis that the higher settling velocity of larger
granules favours PAO enrichment (Ali et al., 2019; van Dijk et al., 2022). Granule density
decreased with increasing granule size, which could be explained by a reduced substrate
availability at the granule core due to diffusion limitation leading to biomass decay. The
large granules (>4 mm), older and with a larger core volume, were the least dense, in
line with results reported by Toh et al. (2003) (Toh et al., 2003).

Table 4.1. Granule characterization results. Acetate uptake rate, P release rate and granule density
were measured in triplicate. Terminal settling velocity was measured for 49-55 granules of each
size range. Average values + standard deviation are shown.

Acetate uptake rate P release rate Terminal settling Granule density
[mgAcH/gVss/h] [mg P/gVSS/h]  velocity [m/h] [g VSS/L]
4-4.8 mm 33+5 10.9+0.8 112 +11 55+8
2.5-3.15 mm 23+2 89+1.0 86+ 10 604
1.6-2 mm 25+2 84+1.2 56 +12 71+5
0.5-1 mm 18+1 59+0.6 29+11 76 £ 10

4.3.5 | General discussion

Our results showed a similar distribution of hydrolytic activity in all the granules ranging
from 0.5 to 4.8 mm from a full-scale AGS reactor. All the granules had an active
hydrolytic layer at their outer part and its thickness did not seem to depend on granule
size. The hydrolysis rates measured in the different sized granules also indicated that
hydrolysis is largely surface-area related. This makes small granules more suitable to
degrade polymeric substrates; not because of a specific microbial community
composition or higher enzyme concentration, but mainly due to their high available
surface area. Their activity was enhanced by a somewhat higher surface-related activity,
although a significant trend could not be identified.

There was, nonetheless, microbial differentiation between granules of different sizes.
The microbial community of the granules shifted with the changes in granule size. Since
most hydrolysers remained unidentified, it was not possible to assess their abundance



changes in the different size fractions. The abundances of the PAO Ca. Accumulibacter
and the GAO Ca. Competibacter did not differ significantly between granule size
fractions. Nonetheless, activity tests did show differences in acetate uptake and P
release rates. The largest granules exhibited higher acetate uptake and P release
activities, reflecting a higher EBPR activity. This higher activity can be explained by the
differences in substrate availability during full-scale operation. Due to stratification
during settling, larger granules will be located closer to the influent inlet at the bottom
of the reactor than the small granules (van Dijk et al., 2020, 2022). Large granules thus
spend most of the anaerobic period in contact with the influent, while smaller granules
are only in contact with the influent during the final stages of the feeding phase, when
the influent level reaches the upper part of the settled bed (van Dijk et al., 2022). VFAs
are taken up at high rates, and hence, the position of granules in the sludge bed during
feeding impacts their access to VFA significantly (de Kreuk and van Loosdrecht, 2004;
Pronk et al., 2015a). In this way, anaerobic COD storage is promoted in granules at the
bottom of the settled granule bed, that is, in the largest granules (van Dijk et al., 2022).
This may lead to PAO and GAO enrichment as previously reported by Ali et al. (2019) in
the full-scale AGS from WWTP Garmerwolde (Ali et al., 2019).

In contrast, hydrolysis potential was similar, yet surface-bound, across granule sizes.
One reason could be that the position of the granules in the settled bed has little effect
on their interaction with polymeric substrates. Granule-substrate interaction is greatly
influenced by the size of the substrate and by mixing. The majority of polymeric
substrates in domestic wastewater are in the particulate form. Polymeric substrates can
also be soluble and colloidal, but these forms are generally less abundant in domestic
wastewater; likely due to biodegradation during transport in the sewer. Reported
soluble protein and carbohydrate concentrations in domestic wastewater range
between 3 and 100 mg COD/L, and between 5 and 110 mg COD/L, respectively. Their
particulate counterparts range between 3 and 161 mg COD/L for proteins and between
5 and 200 mg COD/L for carbohydrates (Narkis et al., 1980; Raunkjeer et al., 1994;
Ravndal et al., 2018; Toja Ortega et al., 2021a, 2021b). During plug-flow feeding, while
soluble and colloidal substrates penetrate the granules easily, particulates are trapped
within the voids of the granule bed, but their attachment to the biomass appears to be
low (M. Layer et al., 2020; Ranzinger et al., 2020). Most of the particulate COD is thus
likely resuspended in the aerobic phase, where the reactor volume is fully mixed.
Aeration creates a turbulent flow which promotes collision between granules and
particulate substrates (Boltz and La Motta, 2006; M. Layer et al., 2020); Layer et al.
(2020) reported a retention of 60-85% of the particulate COD in AGS after 3 hours of
aeration. Hence, the aerobic phase probably determines the biomass fraction



particulates can attach to, including both the granular and flocculent fractions that
usually constitute the AGS bed. In this context, the development of hydrolytic capacity
would be driven by the interactions taking place during the aerobic phase, where there
is no sludge stratification, and a large surface area is advantageous to enhance collision
chances.

Furthermore, the synthesis of hydrolytic enzymes within the granule matrix might be
triggered by compounds in the EPS rather than by substrates in the bulk liquid. Studies
on the EPS composition of AGS found proteins widespread through the granules, and a-
polysaccharides only in the outer layers (Adav et al., 2008; McSwain et al., 2005). The
granule-wide distribution of hydrolytic activity determined in our study also showed
protease activity all through the granule, while amylase was restricted to the surface.
High protease activities have been measured previously in the granule core, and related
to EPS turnover and biomass decay (Adav et al., 2009). Therefore the hydrolytic enzymes
could be mainly degrading EPS and cell decay components, although they also allow
granules to hydrolyse polymeric substrates from the influent, at the surface of the AGS
or within the granules in case of diffusible polymers. The combined FISH and activity
staining results showed that PAO and GAO localized close to the hydrolysis sites, and
they could potentially take up the hydrolysates generated during the anaerobic phase.
Furthermore, some of the actinobacterial PAO (Tetrasphaera) in this study could
hydrolyse starch, also suggesting that polysaccharides can be used for EBPR. However,
the contribution of polymeric COD to EBPR remains a topic for further research.

Evident from our study is that granule surface area will determine the potential of
aerobic granules to degrade polymeric COD, both aerobically and anaerobically. If
boosting the anaerobic uptake of polymeric COD is desired, due to a wastewater with
low VFA for example, a smaller average granule size might be beneficial. The length of
the anaerobic phase could be regulated too to promote hydrolysis. Smaller granules will
also increase nitrification rates, and overall improve mass-transfer (Nguyen Quoc et al.,
2021). If, on a different scenario, there are enough VFA in the influent for effective EBPR,
larger granules might be preferred for an improved simultaneous nitrification-
denitrification (SND) and a decreased degradation of polymeric substrates. Lower
aerobic COD degradation would then decrease aeration costs and enhance the recovery
of energy from the sludge spill (Guo et al., 2020).



4.4 |

CONCLUSION

The main conclusions of this study are:

The stratification of the AGS granule bed during feeding drives microbial
differentiation in granules of different sizes, based on their proximity to the
influent inlet during feeding. As a result, large granules have higher PAO
concentrations and acetate uptake rates, reflecting their preferential access to
influent VFA. Nevertheless, this differentiation is not evident from the
distribution of hydrolysis capacity. All granule sizes exhibited a similar
hydrolytic activity per surface area, and thus the development of hydrolytic
activity does not appear to be conditioned by the position of granules in the
settled bed during feeding.

Hydrolysis of polymers occurred in the outer 50-100 um of the granules. PAOs
and GAOs were observed in the vicinity of the hydrolytically active granule
sites, but their anaerobic uptake of hydrolysates was not demonstrated and
deserves further research.

Small granules returned higher specific hydrolysis rates due to their larger
specific surface area. Thus, small granules are preferred when anaerobic COD
storage from polymeric substrates needs to be maximized. However, the
hydrolysis kinetics of polymeric substrates should be studied further to
evaluate how significantly these substrates can contribute to anaerobic COD
storage in AGS.



SUPPLEMENTARY INFORMATION

Supplementary information 1: Determination of substrate concentration and

incubation times for hydrolytic activity staining assays.

The incubation time and assay conditions for the hydrolytic activity assays were

determined during preliminary assays. The tested conditions are summarized in table

S1, next to the observed results.

Table S4.1. Summary of the incubation conditions during preliminary experiments of fluorescent
activity staining.

Trial Substrate Incubation Washing Fixing before ~ Observable
# concentration  time microscopy? fluorescence?
(mg S/g VS)
1 0.7 15 min 1 wash PBS No No
2 0.3 15 min 1 wash PBS No No
3 0.7 15 min, No washing No No
28 min,
1h
4 0.5 3h No washing No Yes, low
5 0.5 3h 10 min in PBS No Yes, weaker
signal
6 0.5 3h 10 minin PBS Yes No
7 0.5 2h No washing No Yes, low
8 0.5 6h No washing No Yes, low
9 5 2h No washing No Yes, higher
signal
10 5 6h No washing No Yes, higher

signal




Supplementary information 2: Controls of hydrolytic activity staining

Figure S4.2. Comparison between control and sample granules. A granule incubated with BODIPY
(top) is compared against a granule incubated with BODIPY-starch (bottom). For each granule, two
microscope images are shown: FITC channel (left) and phase contrast channel (right). The control
granule does not show any fluorescently labelled granule areas. Only when the polymeric
substrate is hydrolysed and taken up by microorganisms, a fluorescent signal can be observed on
the microscope.



Supplementary information 3: Supplementary figures of amylase stained

granules

Figure S4.3.1. Amylase-stained granules. The hydrolytically active granule areas appear bright,
due to the fluorescence emitted by hydrolysed BODIPY. a) 0.5-1 mm; b) 1.6-2 mm; c) 2.5-3.15
mm; d) 4-4.8 mm. Size bars = 100 um.

Figure S4.3.2. Amylase-stained microorganisms. On the left, filamentous hydrolysers. On the
right, non-filamentous hydrolysing colonies. Size bars= 20 um.



Supplementary information 4: Additional images of protease-stained
granules.

Figure S4.4.1. 4-4.8 mm granule observed at low magnification (2.5X). The hydrolytically active
granule areas appear bright, due to the fluorescence emitted by hydrolysed BODIPY. Some areas
of the granule appear with a thin stained area, while others are thicker (reaching up to 200 um).

-
Figure S4.4.2. Larger protease active sites on the surface of large granules (4-4.8 mm). The top
images show the fluorescent signals indicating protease activity; at the bottom, phase-contrast
images of the same sections are shown.



Supplementary information 5: Comparison between amylase and protease
staining.

Figure S$4.5. Comparison between protease (top) and amylase (bottom) staining. The
hydrolytically active granule areas appear bright, due to the fluorescence emitted by hydrolysed
BODIPY. Protease stained areas are cloudy while amylase staining allows higher cell-level
resolution. Size bars = 100 um.



Supplementary information 6: Light microscope images of granules of
different sizes

Figure S4.6. Transmitted light images of granules of different sizes. A) granules between 4-4.8 mm;
B) granules between 2.5-3.15 mm; C) granules between 1.6-2 mm; D) granules between 0.5-1 mm.

Supplementary information 7: Variation in the relative abundance of the
most abundant species across sampled reactors.

R1 R3 R4

Proteobacteria; Ca_Competibacter | 17.5 | 166 154 | 184 169 205 215 235 166 142 14 131
Nitrospirae; Nitrospira | 4714 | 17.6 13 12.3 172 147 115 95 18 157 94 74
Proteobacteria; Ca_Accumulibacter 35 39 39 41 35 36 a5 4.7 6.1 51 6.8 8.2
Bacteroidetes; midas_g_536 2.3 1.9 21 21 1.7 2 28 26 24 28 4 4.6
Bacteroidetes; midas_g_17 2.3 22 1.6 22 24 22 1.7 2.3 28 16 27 22
Proteobacteria; Dechloromonas 2.1 1.9 1.4 1.2 22 2 1.6 1.8 3 25 2 14
Bacteroidetes: midas_g_179 12 1.3 1.8 2 0.9 15 25 34 07 1 1.7 25
Chloroflexi; Kouleothrix 14 1.5 1.3 1.3 1.6 25 23 1.3 16 2.1 13 7l
Proteobacteria; midas_g_5535 1.3 16 1.8 1.8 11 1.7 1.6 1.7 1.5 15 19 1.6
Actinobacteria; Tetrasphaera 14 14 1.6 1.9 1.2 13 1.8 1.5 1.1 14 16 15
FProteobacteria; Propionivibrio 09 1.2 1.5 1.5 0.9 1.2 14 1.8 1.4 1.2 22 2
Proteobacteria; midas_g_190 0.7 1 1.9 0.8 0.8 1 1.8 1 1) 13 2.7 11
Proteobacteria; Sulfuritalea 09 1 1.2 1.6 0.9 12 1.1 1.3 12 11 12 14
Bacteroidetes; midas_g_ 171 0.7 0.9 1.4 1.4 0.7 09 1.5 1.3 07 0.9 18 2
Proteobacteria; Nitrosomonas 1.2 1 0.7 0.7 1.3 1 0.7 0.6 1.1 1 0.7 0.7
Proteobacteria; Hyphomicrobium 06 06 0.6 0.6 06 08 1.1 0.7 04 1.1 038 0.9
Actinobacteria; Nakamureila — 0.4 0.7 1.6 1.7 0.2 0.4 08 0.4 0.2 0.3 0.5 0.4
Proteobacteria; Rhodobacter 0.6 0.8 0.5 0.6 0.7 0.6 0.6 0.4 0.5 0.7 0.5 0.6
Proteobacteria; Rhodoferax 0.6 05 0.9 0.6 06 06 0.4 0.5 06 06 06 05
Acidobacteria; Paludibaculum 0.6 0.6 0.6 0.6 0.5 0.6 0.6 0.5 05 0.5 0.5 0.5
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Figure S4.7. Relative abundances of the main 20 genera identified by 16S rRNA amplicon
sequencingin the 3 reactors studied. All three reactors are from WWTP Utrecht and were sampled
on the same dry weather flow day. Each of the values represents the average relative abundance
measured in triplicate samples.
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Supplementary information 8: Significant relative abundance differences on the 20 main taxa between small (0.5-1 mm)

and large (4-4.8 mm) granules.

Table $4.8.1. Differences on genus level

Enriched in pvalue

Large granules  1.11E-09
Small granules  1.80E-08
Small granules  7.48E-15
Small granules  4.66E-05
Small granules  2.44E-10
Large granules  1.54E-12
Large granules  1.01E-11
Large granules  6.93E-05

Kingdom Phylum

k_ Bacteria p__Proteobacteria
k_ Bacteria p__ Proteobacteria
k__Bacteria p__Proteobacteria
k_ Bacteria p__ Bacteroidetes
k_ Bacteria p__Nitrospirae

k_ Bacteria p__ Bacteroidetes
k__ Bacteria p_ Bacteroidetes
k__Bacteria p__Proteobacteria

Table $4.8.2. Differences on family level

Enriched in
Small granules
Small granules
Small granules
Large granules
Large granules
Large granules

pvalue

Kingdom

Phylum

Class
¢__Gammaproteobacteria
c__Gammaproteobacteria
c¢__Gammaproteobacteria
c__Bacteroidia
c__Nitrospira
c__lgnavibacteria
c__lgnavibacteria
c__Gammaproteobacteria

Order
o__Betaproteobacteriales
o__Betaproteobacteriales
o__Betaproteobacteriales
o__Chitinophagales
o__Nitrospirales
o_SIA-28
o__lgnavibacteriales
o__Betaproteobacteriales

Family
f__Rhodocyclaceae
f__Rhodocyclaceae
f__Nitrosomonadaceae
f__Saprospiraceae
f__Nitrospiraceae
f__midas_f_31
f__PHOS-HE36
f__Rhodocyclaceae

Family

Genus
g__Propionivibrio
g_ Dechloromonas
g__ Nitrosomonas
g_ midas_g 17
g__Nitrospira

g_ midas_g_171
g_ midas_g_179
g_ Sulfuritalea

2.22E-13 k__Bacteria
9.34E-06 k__Bacteria
7.95E-09 k__ Bacteria

1.1E-06 k__Bacteria
5.94E-13 k__Bacteria
4.56E-16 k__Bacteria

Class Order
p__Proteobacteria c__Gammaproteobacteria o__Betaproteobacteriales
p__Bacteroidetes c__Bacteroidia o__Chitinophagales
p__Nitrospirae c__Nitrospira o__Nitrospirales
p__Chloroflexi c__Anaerolineae o_ SBR1031
p__Bacteroidetes c__lgnavibacteria o_ SIA-28
p__Bacteroidetes c__lgnavibacteria o__lgnavibacteriales

f__Nitrosomonadaceae
f__Saprospiraceae
f__Nitrospiraceae
f_Adb

f__midas_f_31
f__PHOS-HE36
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Anaerobic uptake of monomers and
polymers by full-scale aerobic

granules
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uptake of monomers and polymers by full-scale aerobic granules.



ABSTRACT

Municipal wastewater is characterized by its complex composition, containing diverse
organic compounds that may be used as carbon source by microorganisms. In aerobic
granular sludge (AGS), wastewater treatment relies on the anaerobic uptake of
substrates by slow-growing organisms, such as polyphosphate accumulating organisms
(PAO) and glycogen accumulating organisms (GAO). The stored substrates may be used
by the PAO to perform enhanced biological phosphorus removal (EBPR) in the
subsequent aerobic phase. In this study, we assessed the anaerobic uptake capacity of
different monomeric and polymeric substrates by aerobic granules that were obtained
from a Nereda® municipal wastewater treatment plant (WWTP). We also measured the
uptake rates of particulate, colloidal and soluble casein, and compared them to the
uptake rate of hydrolysed amino acids. Anaerobic batch tests show that AGS
microorganisms can store a wide variety of substrates, including volatile fatty acids
(VFA), amino acids, and carbohydrates. The highest uptake capacities were measured
for acetate and propionate (43 + 15 and 46 + 8 mg COD/g VSS), which were coupled
with P release (0.34 + 0.08 and 0.41 + 0.03 P-mol/ C-mol) and PHA production. The
uptake capacity for carbohydrates, especially glucose, was high (26 + 2 mg COD/g VSS).
Carbohydrates were stored as PHA, but induced low P release (0.06-0.08 P-mol/C-mol).
The contribution of carbohydrates to EBPR seems thus negligible, but they can
contribute to granule formation given their anaerobic uptake and intracellular storage.
Other monomers, including butyrate, lactate and amino acids, were taken up too and
were accompanied by phosphorus release and PHA formation, indicating these
substrates may contribute to both EBPR and granule formation. The hydrolysis rate of
soluble proteins (1 mg COD/g VSS/h, at a substrate concentration of 200 mg COD/L) was
too low to expect significant anaerobic carbon storage, and the uptake of particulate
proteins was even slower. Aerobic consumption of proteins does not seem to be a threat
for granule stability either, given the their limited hydrolysis.



5.1 | INTRODUCTION

In aerobic granular sludge (AGS), stable granule formation and nutrient removal are
achieved by promoting the growth of polyphosphate-accumulating organisms (PAOs)
and glycogen-accumulating organisms (GAOs) (de Kreuk and van Loosdrecht, 2004).
Most full-scale AGS applications employ an SBR cycle that promotes the anaerobic
storage of carbon sources by PAOs and GAOs (Bengtsson et al., 2018; Pronk et al.,
2015b). An anaerobic feeding is followed by an aerobic starvation phase in which stored
substrates are used for microbial growth. The canonical PAOs and GAOs have a very
limited substrate uptake range; mostly only volatile fatty acids (VFAs). As a consequence,
influent VFA concentration is considered important for AGS reactor design.

Most domestic wastewaters contain a low or variable VFA concentration, mainly
depending on the sewer system (Henze and Comeau, 2008; Hvitved-Jacobsen et al.,
1995; Narkis et al., 1980; Rudelle et al., 2011). This COD concentration would have to be
supplemented with other substrates to explain the granule growth and nutrient removal
observed in full-scale AGS. Roughly 20 mg COD/L of VFAs are needed to remove 1 mg P
from wastewater (Abu-Ghararah and Randall, 1991). Furthermore, to obtain stable
granulation, it is essential to have a large enough fraction of the influent COD stored
anaerobically and low availability of external substrates during aeration (de Kreuk and
van Loosdrecht, 2004; van Dijk et al., 2022). Van Dijk et al. (2022) predicted that
decreasing the anaerobically available COD concentration from 40% to 20% of the
substrate would significantly hinder granulation, extending the start-up period to more
than one year. VFAs are rarely such a high proportion of the influent COD in domestic
sewage, and therefore the anaerobic uptake of other C-sources is needed to explain the
successful granulation obtained in full-scale plants. Models like ASM2d consider a
fermentable COD fraction and hydrolysable COD fraction, which would release VFAs
during the anaerobic feeding phase (Henze et al., 1999). Moreover, in activated sludge
(AS) reactors, C-sources other than VFAs can be taken up anaerobically too. This is partly
due to the presence of different genera of PAOs and GAOs, which have different
substrate utilization capabilities (Nielsen et al., 2019; Qiu et al., 2019; Roy et al., 2021;
Stokholm-Bjerregaard et al., 2017). Full-scale AGS reactors, including WWTP Utrecht
sampled for this study, also contain different genera of PAOs and GAOs, including Ca.
Accumulibacter, Tetrasphaera, Dechloromonas, Ca. Competibacter, and Propionivibrio
(Ali et al., 2019; Kleikamp et al., 2022; Toja Ortega et al., 2021b). Hence, full-scale AGS
is also expected to harbour the metabolic potential to utilize different C-sources for
granule growth and nutrient removal.



Most of the biodegradable compounds in wastewater are in one of three large
macromolecule groups: proteins, carbohydrates and lipids (Raunkjeaer et al., 1994;
Sophonsiri and Morgenroth, 2004). Among these, proteins are frequently found in
relatively high concentrations and are good candidates for being used for EBPR. Some
PAOs, such as Tetrasphaera and clade IIF of Ca. Accumulibacter, are able to take up most
amino acids (Kristiansen et al., 2013; Qiu et al., 2020). Furthermore, aerobic granules
have been cultivated successfully in lab-scale reactors with amino acids as the only C
source (Dockx et al., 2021). EBPR activity was unstable when amino acids were the only
C-source, but when dosed in combination with VFA, stable COD and P removal were
maintained. Other AGS reactors have also been stably operated with a fraction of amino
acids or peptides, but their uptake kinetics and contribution to EBPR was not studied
specifically (Layer et al., 2019; Wagner et al., 2015). Proteins have also been used as the
sole substrate in an airlift biofilm reactor, where they were completely taken up and led
to smooth biofilm formation (Mosquera-Corral et al., 2003). The reactor was operated
under fully aerobic conditions and therefore the suitability of proteins as C-source for
EBPR was not assessed. In full-scale AGS too, granules exhibit protease activity
consistently across plants (Toja Ortega et al., 2021a, 2021b). Therefore, the aerobic
granules have the potential to hydrolyse proteins and utilize their amino acids as C-
source. However, the in situ protein conversion rates and their contribution to EBPR
remain unknown to the authors’ knowledge.

In this work, we studied the anaerobic substrate uptake by AGS of full-scale origin
(WWTP Utrecht). A range of C-sources was tested in anaerobic batch tests to explore
the substrate uptake spectrum of aerobic granules. The uptake of proteins was further
studied through anaerobic uptake rate tests using casein as a model substrate. The
uptake rate of monomers (i.e. amino acids), was compared with that of casein of
different sizes (soluble, colloidal and particulate). The observed substrate uptake profile
and protein uptake rates were examined next to the composition of municipal
wastewater, and we hypothesize about the fate of different influent compounds in full-
scale AGS treatment.



5.2 | MATERIALS & METHODS

5.2.1 | Granule and wastewater source

Aerobic granular sludge was sampled in the municipal wastewater treatment plant of
Utrecht, the Netherlands. The plant consists of 6 Nereda® reactors with a volume of
12000 m3 each, treating an average flow of 75167 m3/day. The reactors are operated
with biological phosphorus removal and with a sludge loading rate of 0.05 kg COD (kg TS
d)L.

Mixed liquor samples were collected during aeration. The sludge was stored at 4°C for a
maximum of 24 hours before the assays. Just before performing the assays, the sludge
was aerated for about 45 min to replenish the intracellular poly-P and acclimatize the
sludge. The mixed liquor, containing granules of different sizes and flocs, was sieved to
retain the granules with a diameter between 1 and 2 mm. The resulting granules were
washed with tap water to remove the worse settling material retained in the sieves. The
granules were suspended in tap water, and after letting them settle for a short time the
supernatant was removed. The process was repeated several times until the
supernatant was clear. The clean granules were stored in effluent overnight until the
assay.

Influent wastewater was sampled in two plants: Utrecht WWTP and Harnaschpolder
WWTP, both in the Netherlands. 24-hour flow-proportional samples were collected and
stored in a cooling chamber until transport. Both wastewaters were fractionated on the
sampling day into different size fractions. Sequential filtration was performed in an
Amicon stirred cell (Merck Millipore, USA), applying positive pressure, through 10 um, 1
pum, 0.1 um and 1 kDa filters (10 pm, 0.1 um: polycarbonate [PC], Cyclopore® Whatman,
UK; 1 um: PC, GVS, Italy; 1 kDa: Ultracell regenerated cellulose, Merck Millipore, USA).
The resulting size fractions were: raw wastewater, <10 pm, <1 pm, <0.1 um and <1 kDa.

5.2.2 | Anaerobic uptake capacity tests

Anaerobic uptake capacity tests were performed by dosing a range of soluble substrates
to the granules and incubating them anaerobically for two hours. The two-hour period
was chosen to reflect an extended anaerobic feeding phase. The assays were performed
with sludge sampled on different days, and each day a blank sample (no substrate, only
buffer) and a positive control (acetate) were included in the assay. The acetate standard
and blank test at each experiment made the assays performed on different days
comparable, despite fluctuations in the biomass activity.



The granules were buffered with 0.1 M sodium bicarbonate (pH 7.8) and used in the
assays at a concentration of around 4 g TS/L. All substrates were dosed at a final
concentration of 500 mg COD/L. The following substrates were used (all purchased from
Merck, USA, unless specified). VFA and fermentation products: sodium acetate
trihydrate, sodium propionate, sodium butyrate, sodium lactate, succinic acid, and
ethanol; carbohydrates: D-glucose, D-maltose monohydrate, xylose, and starch; amino
acids and proteins: L-glutamic acid, L-aspartic acid, glycine, L-leucine (Carl Roth,
Germany), casein hydrolysate (Carl Roth, Germany), and casein from bovine milk; lipids:
sodium oleate (Carl Roth, Germany), and high-oleic oil (de Nieuwe Band, NL).

To start the assays, the substrates were dosed to the granules in 40 mL vials. The working
volume was 30 mL. The samples were flushed with N2 gas for 2 minutes and incubated
at room temperature (20°C) for 2 hours, fully mixed. Mixing was provided by a
Fisherbrand Seastar orbital mixer at 120 rpm (Thermo Fisher Scientific, USA). A sample
was taken from the vials at the beginning and the end of the assays. Both bulk liquid and
granules were collected. The bulk liquid was filtered through 0.45 pum PES syringe filters
and stored at 4°C until further processing. Granules were immediately deactivated after
sampling, by mixing 1 mL of granules with 1 mL of 4% formaldehyde solution (Merck,
USA), and stored in ice. At the end of the assay, the granules were washed, crushed with
the aid of a pipette tip, and stored at -80°C until PHA extraction.

5.2.3 | Anaerobic uptake rate tests

Uptake rate tests followed a similar procedure as the uptake capacity tests. The
difference was that periodic samples were taken throughout the experiment to measure
C uptake and P release rates. The assays studied the anaerobic uptake of casein of
different sizes: particulate (>10 um), colloidal (0.1-1 um) and soluble (<0.1 um). The
uptake of proteins was compared to that of hydrolysed amino acids (casein hydrolysate,
Carl Roth, Germany). Blank and acetate control samples were included in the assays too.

Casein solutions of different size distributions were all prepared with the same substrate
(casein from bovine milk, Merck, USA), but following different preparation procedures.
The soluble and colloidal casein solutions were prepared in an alkaline solution (5 g/L
sodium carbonate, pH 11.6), to enhance the solubility of casein. The soluble fraction was
prepared by mixing for 2 hours, then filtering the solution through a 0.1 pm PC filter
(Cyclopore®” Whatman, UK) using an Amicon stirred cell, and harvesting the permeate.
To prepare the colloidal fraction, the casein-sodium carbonate solution was stirred for
30 minutes. Then, the solution was filtered through a 1 pm PC filter (GVS, Italy) and the
permeate was further processed by diafiltration, using a 0.1 um filter. For diafiltration,
tap water and casein solution were dosed simultaneously to the Amicon stirred cell,



maintaining a constant volume and a low concentration of casein during filtration. Three
volumes of tap water were flushed per volume of casein solution, washing out the
substrates smaller than 0.1 um, and the retentate was collected (0.1-1 pum). The
particulate casein fraction was prepared directly in a bicarbonate buffer (pH 7.8) to
minimize the solubilisation of casein. The solution was stirred for 1 hour and then
washed by diafiltration, as described above. In this case a PC filter with a pore size of 10
um was used (Cyclopore® Whatman, UK), to wash out particles smaller than 10 um.

After preparation, the pH of all the solutions was adjusted to pH 7.8. The substrates
were dosed to the granules to an initial substrate concentration of 200 mg COD/L. The
granules were incubated anaerobically, fully mixed, and sampled regularly. The duration
of the assays varied depending on the expected uptake rates: acetate and casein amino
acid assays were monitored for 3 hours, while protein assays and blanks were monitored
for 7.5 hours. Bulk liquid samples were collected throughout the assays and filtered
through 0.45 pum PES syringe filters, to measure POs-P, NH4-N, and COD concentrations.
The COD uptake of the colloidal and particulate protein assays could not be measured
directly since the dosed COD was not soluble, and casein particles could not be
distinguished from particles derived from the sludge. Hence, the COD uptake was
calculated from PO4-P release, assuming the same P release/COD uptake ratio as with

free amino acids.

5.2.4 | Analytical methods

PO4-P and NH4-N were quantified colorimetrically on a Discrete Analyser (Seal AQ400,
Seal analytical, USA), using the methods USEPA 365.1 and USEPA 350.1, respectively.
COD and TOC concentrations were determined using photochemical test kits (LCK514
and LCK387, Hach, Germany). Total suspended solids (TSS) and volatile suspended solids
(VSS) were determined following Standard methods (APHA, 2005). PHA was extracted
following the method described by Lanham et al., 2013 (Lanham et al., 2013). Shortly,
the crushed granules preserved at -80°C were freeze dried and weighed in a high-
precision balance. 60-80 mg of biomass were used for PHA extraction. 1.5 mL of
propanol:HCl (4:1) and 1.5 mL of dichloroethane were added and the samples were
incubated at 100°C for 2 hours, with intermittent mixing. Ultra-pure water was added
to aid phase separation. The organic phase was collected and filtered through sodium
sulphate to eliminate residual water. The extracts were collected in glass vials and
analysed via gas chromatography to quantify 3-hydroxybutyrate (3HB) and 3-
hydroxyvalerate (3HV) concentrations. The chromatography equipment used was a
6890N system (Agilent, USA) with a FID detector, and a HP-INNOWax column (Agilent,
USA).



Proteins and phenolic compounds were quantified using the modified Lowry method
(Frglund et al., 1995). Carbohydrates were quantified using the anthrone-sulfuric acid
method (DuBois et al., 1956). The resulting protein and carbohydrate concentrations
were converted to COD based on Sophonsiri et al., 2004 (Sophonsiri and Morgenroth,
2004). Cellulose was extracted from wastewater samples following the procedure
described by Pereira Espindola et al., 2021 (Espindola et al., 2021), omitting the
bleaching step. The extracted pulp was weighed and used as an estimate of the cellulose
content of Utrecht influent wastewater. VFA were quantified via high-performance
liquid chromatography (HPLC) using an Aminex HPX-87H column (Bio-Rad, USA) in a
Prominence-i system (Shimadzu, Japan) equipped with a SPD-20A UV index detector
(Shimadzu, Japan). 5 mM sulphuric acid in ultrapure water was used as eluent. The
resulting concentrations of different VFA were converted to COD and combined into a
total VFA concentration.

5.3 | RESULTS

5.3.1 | Anaerobic uptake capacity tests

Variations on the acetate uptake capacity of the sludge

The acetate uptake capacity of the granules and the P release associated to it were
measured in every sludge sampling to monitor the variations in sludge activity. The
measured acetate uptake capacities and P/C ratios of the sludge sampled on different
days are shown in Figure 5.1. P release to acetate uptake ratio ranged from 0.23 to 0.46
P-mol/C-mol, with an average of 0.34 + 0.08 P-mol/C-mol. The PHA content of the
sludge before incubation with all different carbon sources was below 1% of the TS. Such
low PHA concentration is expected because of the full-scale origin of the sludge; only
part of the biomass is PAO/GAO, the influent is domestic wastewater, and the sludge is
sampled after aeration. A similar PHA concentration was measured in domestic
wastewater-fed AS with EBPR activity (Lanham et al., 2013). Furthermore, in WWTP
Utrecht a significant fraction of granules larger than 1-2 mm exists (Toja Ortega et al.,
2022). The larger granules likely have preferential access to influent VFA, limiting the
VFA available for smaller granules located higher up in the granule bed.

The variation in the acetate uptake and P release was expected due to variations in
wastewater composition, temperature and operation history. These result in differences
in the poly-P pool and the intracellular polymers of the sludge, which influence substrate



uptake. Moreover, the reactors were sampled over a period of one year, during which
the relative abundance of PAO may have varied, resulting in differences in activity. To
allow comparing the substrate uptake in different sampling days, we normalized the
observed COD uptake and P/C ratios of each of the tested substrates relative to the
acetate uptake and associated P release ratio of their corresponding assay day, given
that the highest carbon uptake and P release was always observed with acetate. The
same was done for the PHA production. The P released by the blank (endogenous P
release) also varied between samplings, and was subtracted from the test samples in
each sampling (Supplementary information, Table S5.1).

Monomeric substrates

The AGS was able to take up all the substrates tested, in a larger or smaller extent. The
highest COD uptake capacity was observed with the VFAs acetate and propionate. The
uptake capacity for acetate was 43 + 15 mg COD/g VSS, and it was stored mostly as PHB
(0.79 C-mol PHB/C-mol substrate uptake) and partly as PHV (0.28 C-mol PHV/C-mol
substrate) (Figure 5.1, Figure 5.2). Propionate is also a known EBPR substrate and both
its uptake (46 + 8 mg COD/g VSS) and associated P release (0.41 + 0.03 P-mol/C-mol)
were high. Propionate uptake was accompanied by PHV production (0.82 C-mol PHV/C-
mol substrate), as described previously (Oehmen et al., 2005). With butyrate there was
considerable uptake capacity (33 + 6 mg COD/g VSS), although lower than with acetate
and propionate, and the associated P/C ratio was somewhat lower too (0.23 + 0.03 P-
mol/C-mol) (Figure 5.1c). Both PHB and PHV were formed with butyrate (0.12 C-mol PHB
and 0.15 C-mol PHV/C-mol substrate). Lactate, succinate and ethanol represent other
common fermentation products, and were also consumed by the AGS. Lactate uptake
capacity was 21 + 2 mg COD/g VSS, with a high P/C ratio (0.15 + 0.03 P-mol/C-mol) and
PHA formation (0.6 C-mol PHA/C-mol substrate) (Figure 5.2). A lower uptake capacity
was observed for succinate (11 + 2 mg COD/g VSS) and ethanol (13 + 2 mg COD/g VSS),
and also a low P/C ratio (0.04 + 0.03 P-mol/C-mol for succinate; 0.05 + 0.02 P-mol/C-
mol for ethanol). PHA formation with succinate and ethanol was 0.15 and 0.66 C-mol
PHA/C-mol substrate, respectively.
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Figure 5.1. Results of anaerobic uptake test results. The top graph shows the biomass-specific
acetate uptake and P release of the granules sampled on different days, as a measure of the
variability of the sludge activity. The dots indicate the P/C ratio measured in each day. The bottom
graphs present the a) biomass-specific P release, b) biomass-specific COD uptake and c) P release
to C uptake ratio of the granules incubated with different substrates. The measured COD uptake
and P release for each substrate are normalized against the COD uptake and P release of the
acetate control from the same day. The P and COD released by the blank are subtracted from all
the samples. Each bar represents the average of triplicate samples, with error bars indicating
standard deviation of the triplicates. The absolute C uptake capacity and P release values per unit
biomass can be found in the supplementary materials (Table S5.1, Fig S5.1.1).




Carbohydrate uptake resulted in a relatively low P/C ratio (0.06-0.08 P-mol/C-mol).
However, the total uptake capacity was remarkably high in the case of glucose (26 + 2
mg COD/g VSS) and maltose (24 + 2 mg COD/g VSS). Granules in glucose and maltose-
dosed samples produced mainly PHV (0.35 and 0.12 C-mol PHV/C-mol substrate,
respectively), and also a low amount of PHB. The uptake capacity for xylose was lower
(8 + 3 mg COD/g VSS).

Amino acids were also considerably taken up by the sludge, especially when dosed as an
amino acid combination, casein amino acids (Casein AA in short) (36 + 23 mg COD/g
VSS). The P/C ratio was high and also the PHA pool increased (0.27 C-mol PHA/C-mol
substrate). When different amino acids were dosed individually, their uptake was more
modest. The measured uptake capacities were 15+ 3, 28 + 5,12+ 2, and 12+ 7 mg
COD/g VSS for leucine, glutamate, aspartate and glycine, respectively. The uptake of the
amino acids resulted in PHA production (0.18, 0.06, 0.19 and 0.73 C-mol PHA/C-mol
substrate, for leucine, glutamate, aspartate and glycine, respectively). An unusually high
P release to C uptake ratio (0.47 mol-P/mol-C) was measured for glycine.
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Figure 5.2. PHA production per gram VSS for each of the tested substrates. The bars represent the
measured PHA production for each substrate, normalized against the PHA production in the
acetate control from the same day. The absolute PHA production values per unit biomass can be
found in the supplementary materials (Table S5.1, Fig S5.1.2). The average PHA composition of all
the acetate samples is plotted in the first position. The dots indicate the C-mol PHA produced per
C-mol substrate consumed for each of the substrates. Axis text colours indicate the biomolecule
type (red = VFA and fermentation products; green = carbohydrates; blue = amino acids and
proteins; purple = lipids).



Polymeric substrates

A few polymeric substrates were also studied in these batch tests. The COD uptake was
not measured in those substrates because of their polymeric/colloidal nature — non-
soluble COD is not distinguishable from COD derived from the sludge. However, their P
release and PHA accumulation were measured. Oil (composed of triglycerides with at
least 80% oleate) did not induce P release, but some PHB production was observed (0.06
mmol PHB/g VSS). Oleic acid alone did not result in PHA accumulation, so it might be
that the observed PHB accumulation in the oil sample resulted from the glycerol that is
contained in triglycerides. Starch and casein, the polymeric version of glucose and casein
amino acids, induced P release and also PHA formation (0.05 and 0.11 mmol PHA/g VSS,
for starch and casein respectively). However, in a lower degree than in their monomeric
counterparts. This is probably related to a slower uptake of the polymers, which require
a hydrolysis step before being consumed. During the 2 hours of anaerobic assay, the
maximum polymeric substrate uptake capacity of the sludge is probably not reached.

5.3.2 | Anaerobic uptake rate tests

After observing the lower P release and PHA accumulation with polymeric substrates,
the uptake rate of casein was studied, and compared to the uptake rate of casein amino
acids (Table 5.1, Figure S5.2). The differences in uptake rate were attributed to the
hydrolysis step required to convert the protein into its free amino acids. Acetate uptake
rate was also measured as a reference.

Table 5.1. Maximum COD uptake, P release and N release rates in anaerobic uptake rate tests.
Mean + standard deviation values are shown.

Substrate COD uptake rate P release rate NH4-N release rate
[mg COD (g VSS h)l] [mg POs-P (g VSS h)] [mg NH4-N(g VSS h)1]
Acetate 233124 9.3+0.8 -0.014 £ 0.03
Casein amino acids 9.7+0.8 29+0.3 0.070 + 0.008
Soluble casein 1.0+0.1* 0.93 £0.06 0.020 + 0.004
Colloidal casein 1.0+0.1* 0.99 £ 0.06 0.013 £ 0.002
Particulate casein n.a. 0.72 +£0.08 0.010 +0.001
Blank n.a. 0.76 £0.07 0.007 +0.003

* Calculated from P release/COD uptake ratio of casein amino acids

n.a.: Blank has no COD uptake due to no substrate addition. Particulate casein: COD uptake
was not calculated since P and N release were at level of the blank.



Acetate uptake rate was highest at 23.3 + 2.4 mg COD (g VSS h)1. Casein amino acids
were taken up relatively quickly in the first hour of assay (9.7+0.8 mg COD (g VSS h)?),
where after the uptake continued at a lower rate. Soluble and colloidal casein were both
taken up one order of magnitude slower than amino acids (1.0+0.1 mg COD(g VSS h)?),
and at a constant rate during the 7.5 hours of assay. In a reactor with 8 g VSS/L of
granules, that would translate into 8 mg COD/L of protein taken up in 1 hour of
anaerobic feeding, considering a 200 mg COD/L bulk liquid soluble protein
concentration. Up to 17 mg COD/L could be hydrolysed a plug-flow is considered, where
all the biomass is concentrated at the bottom of the reactor. It should be noted that the
uptake of proteins was monitored through PO4-P and NHa-N release. Even if soluble
proteins could also be measured via COD, the changes in COD between time points were
too small for an accurate analysis.

The sludge incubated with particulate proteins behaved very similarly to the blank both
in terms of P and N release. With the substrate concentration used in the assay (200 mg
COD/L), uptake of particulate casein was undetectable.

5.3.3 | Influent composition

The influent wastewater of two plants was analysed, to assess the abundance and size
distribution of different types of organics in wastewater. The COD of the sampled
wastewaters was 482 + 17 and 632 + 89 mg COD/L in the plants of Utrecht and
Harnaschpolder, respectively. Carbohydrates constituted the largest COD fraction in
both wastewaters (Figure 5.3). They accounted for 23 + 4% (Utrecht) and 22 + 15%
(Harnaschpolder) of the total COD.

Soluble (<0.1 um) carbohydrates and proteins were very scarce. In both studied plants,
less than 10 mg COD/L were soluble carbohydrates, and less than 15 mg COD/L were
soluble proteins. Since a single influent sample was collected per plant, the variability in
wastewater composition was not captured in this study. Raunkjaer et al. 1994 reported
high variability in the soluble carbohydrate fraction, attributing it to their high
biodegradability and differences in the retention in the sewer. Soluble carbohydrates
and proteins, anyhow, have not been found in high concentrations in most domestic
wastewater samples (Table 5.2). The soluble COD consisted mostly of VFA (27 and 61
mg COD/L in Utrecht and Harnaschpolder), and phenolic compounds. The VFA-COD from
Utrecht was divided between acetate (12 mg COD/L) and butyrate (15 mg COD/L). The
wastewater from Harnaschpolder contained mainly acetate (40 mg COD/L) and the rest
of the VFA was propionate and butyrate (5 and 16 mg COD/L, respectively).
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Figure 5.3. Influent composition of the plants Utrecht and Harnaschpolder. The wastewater was
fractionated and each of the size fractions was analysed in triplicate. The difference between the
total COD in each fraction and the sum of the quantified compounds is shown as “Rest”.

The carbohydrates were most concentrated in the largest influent size fractions; over
80% of the carbohydrates were larger than 100 um in both plants. Alkaline extraction
performed in the wastewater of Utrecht yielded around 50 mg/L of fibrous cellulosic
material, contributing about half of the carbohydrates larger than 100 pm. Proteins
were 17% (Utrecht) and 13% (Harnaschpolder) of the COD. Most of the proteins were in
the supracolloidal range (1-10 um), contributing 56 and 67% of the total proteins in
Utrecht and Harnaschpolder, respectively. Few proteins were quantified in the

particulate fraction (>100 um), and this fraction contained a large proportion of
unidentified COD.



5.4 | DISCUSSION

5.4.1 | Wastewater composition and anaerobic C uptake range of

aerobic granules
Our batch tests reveal a similar uptake spectrum in AGS as in AS, reflecting the capacity
of AGS to anaerobically utilize a variety of substrates present in municipal wastewater.
The VFAs acetate and propionate, known substrates of PAO and GAO, exhibited the
highest uptake and P release. Butyrate was also taken up with P release but to a lower
extent, as described previously (Begum and Batista, 2014; Wang et al., 2021).

Substrates that cannot be directly stored by the classical PAO Ca. Accumulibacter, like
glucose, were taken up anaerobically by granules and induced P release too, indicating
that carbohydrates were at least partly used by PAO. Glucose uptake by the PAO
Tetrasphaera has been described (Kristiansen et al., 2013), but also carbohydrates may
be fermented and the products taken up by Ca. Accumulibacter. Furthermore, the
anaerobic uptake of carbohydrates is coupled to PHV storage. The prevalence of PHV is
not surprising; the pyruvate generated by glycolysis can be fermented to acetate and
propionate to balance the redox potential in the cell, and both VFA combined form PHV
(Hollender et al., 2002; Wang et al., 2002). The uptake and storage of glucose as PHV
might be done by GAO. Some Ca. Competibacter species are able to take up glucose and
store it as PHV, and some species also partly ferment it to lactate (Mcllroy et al., 2014).
The GAO Micropruina can also ferment glucose to a range of products and store it as
PHV (Mcllroy et al., 2018). The glucose fermentation products released by Tetrasphaera
or GAO (e.g. lactate, propionate, acetate or succinate) might be taken up by Ca.
Accumulibacter too, resulting in PHV production and P release. Nonetheless, the low P/C
ratio observed with carbohydrates indicates that these substrates will be more
important for granule formation than for EBPR. Similarly, small amounts of succinate
and ethanol were taken up and stored intracellularly but induced low P release,
indicating that they may be suitable granule-forming substrates but not relevant for
EBPR.

Amino acids were identified as suitable EBPR substrates, as in previous CAS studies
(Nielsen et al., 2019; Qiu et al., 2019; Roy et al., 2021; Stokholm-Bjerregaard et al., 2017).
The amino acid mix, casein amino acids, was consumed by the granules at relatively high
rates (9.6 mg COD/g VSS/ h), inducing P release and PHA accumulation. Given that
protein hydrolysis would produce a mixture of amino acids, proteins appear as suitable
substrates for EBPR. The individual amino acids were consumed to a lower extent when



dosed in isolation. The low uptake capacity for leucine was in line with that reported in
previous studies (Dockx et al., 2021; Nguyen et al., 2015). Glutamate and aspartate were
taken up more, likely because these amino acids are readily converted to TCA cycle
components, which makes them an attractive substrate for many microorganisms
(Dockx et al., 2021; Nguyen et al., 2015; Qiu et al., 2019). The PHA production per C
uptake of glutamate, however, was notably low (0.08 C-mol PHA/C-mol glutamate). A
similar observation has been reported before; in Ca. Accumulibacter enrichments,
glutamate is taken up fast and with P release, but little PHA is formed (Qiu et al., 2020).
It was hypothesized that glutamate can be stored intracellularly as poly-glutamate (PGA)
instead. The high P/C ratio observed with glycine in our study also resembles previous
observations. A recent study reported that glycine was not used by most PAO, and these
PAO hydrolysed poly-P to pump glycine out of the cell (Tian et al., 2022). This resulted
in a high P release that was not accompanied by COD uptake. Despite the high P release
in our study, some glycine was taken up too (12 + 7 mg COD/g VS) accompanied by PHV
accumulation. Tetrasphaera can take up glycine, which would explain the observed
uptake, but most Tetrasphaera do not produce PHV. The observed PHV formation might
be explained by the release of fermentation products (acetate, succinate, alanine,
glyoxylate) released upon glycine uptake by Tetrasphaera, and their subsequent
consumption by other organisms.

Our assays explore the array of substrates that can be taken up anaerobically by AGS
granules, cultivated with municipal wastewater. One should be cautious when
translating these results to situations where a particular substrate is very dominant in
the influent. For instance, in AS fed with glucose-rich industrial wastewater, EBPR can
deteriorate in the long term, and lab-grown AGS fed with glucose has been reported to
not perform EBPR at all (Dockx et al., 2021; Zengin et al., 2010). A similar effect has been
observed when using lactate as the sole carbon source (Rubio-Rincén et al., 2019).
Lactate can be transported by cells and converted to propionate leading to PHV
formation. Rubio-Rincdn et al (2019) showed that during long-term feeding of lactate as
sole carbon source, PAO seem to switch to a GAO-like metabolism given that the uptake
and storage of this substrate does not rely on poly-P hydrolysis. However, when
combined with other substrates (like VFA) lactate and glucose may be stored
anaerobically while maintaining good EBPR (Hollender et al., 2002; Rubio-Rincdn et al.,
2019; Zengin et al., 2010). Some other studies have maintained good EBPR in the long
term with influents lacking VFA, by applying suitable operating conditions (Elahinik et
al., 2022; Marques et al., 2017).



5.4.2 | Anaerobic conversion of proteins and contribution to EBPR
Monomers like the ones studied in our presented batch tests, were scarce in the
analysed wastewaters of Utrecht and Harnaschpolder. Nonetheless, monomers could
originate during treatment from the hydrolysis of polymeric substrates, such as proteins
or carbohydrates. Hence, the concentration of those compounds was determined in
both analysed wastewaters using colorimetric methods. The limitations of these
methods should not be ignored. For instance, a number of factors interfere with the
Lowry method used for protein quantification, even when it is modified to account for
phenolic substances. First, protein quantification results depend on the protein used to
make the calibration curve (Felz et al., 2019). Moreover, at low protein concentrations,
the modified Lowry method tends to underestimate proteins and overestimate phenolic
compounds (Avella et al., 2010). Furthermore, the Lowry assay does not digest the
sample and therefore the proteins aggregated in particles are not quantified reliably.
Hence, part of the COD now unidentified or assigned to phenolic substances could be
proteins too. Even though some deviation on the actual protein concentrations should
be expected, these analyses provided a general description of domestic wastewater
composition.

The analysed wastewaters contained low concentrations of soluble proteins and
carbohydrates, and similarly low concentrations were reported in previous wastewater
characterization studies (Table 5.2). Therefore, the polymeric COD that could potentially
contribute to anaerobic COD storage was mostly in the form of colloids or particulates.
Most carbohydrates in our study were large particulates (>100 um), from which around
half was cellulose fibres. These end up almost entirely in the excess sludge with minimal
degradation (Espindola et al., 2021; Guo et al., 2020). Proteins were most concentrated
in the size fraction between 10 and 100 um. Thus, the protein-derived COD that can be
stored anaerobically by the granules will be largely determined by the rate at which
particulate proteins can be hydrolysed by AGS.



Table 5.2. Domestic wastewater composition, determined in various locations. sProt = soluble
proteins; pProt = particulate proteins; sCarb = soluble carbohydrates; pCarb = particulate
carbohydrates.

Location

tcoD VFA sProt pProt sCarb pCarb Ref
Utrecht WWTP
482 27 11 69 7 105 This study
(NL)
Harnaschpolder .
631 61 14 65 6 134 This study
WWTP (NL)
Garmerwolde (Toja Ortega et
619 9-58 17 68 10 143
WWTP (NL) al., 2021a)
(Toja Ortega et
Epe WWTP (NL) 864 16-124 20 70 18 256
al., 2021b)
Aalborg West (Raunkjeer et
330-800 38-107 55-98 7-88 46-103
(DK) al., 1994)
. (Raunkjeer et
Hjallerup (DK) 230-560 38-74 36-95 5-23 13-83
al., 1994)
Aalborg East (Raunkjeer et
480-550 59-63 85-108 7-32 47-94
(DK) al., 1994)
(Raunkjeer et
Aabybro (DK) 280-640 14-66 26-114 3-20 26-90
al., 1994)
(Sophonsiri
Urbana-
X and
Champaign 309 15 22 5 14
Morgenroth,
(USA)
2004)
i (Narkis et al.,
Haifa (IL) 604-1180 89-104 10-42 23-161 5-12 5-82
1980)
Neveh Shaanan (Narkis et al.,
352-443 22-48 45-61 32-50 7-10 6-57
(L) 1980)

The anaerobic conversion of proteins observed in this study was low. Soluble and
colloidal proteins were taken up faster than their particulate counterparts, and yet
roughly 10 times slower than their respective hydrolysed amino acids. A typical full-scale
SBR cycle consists of 1 hour anaerobic feeding and approximately 4 hours of aeration
(van Dijk et al., 2022). With the measured rates, in a reactor with a granule concentration
of 8 g VSS/L, 200 mg COD/L of soluble proteins would only supply an extra 8 to 17 mg
COD/L during 1 hour of anaerobic feeding. In domestic wastewater, the soluble protein
concentration is considerably lower than 200 mg COD/L (Table 5.2), and therefore
hydrolysis rates would be lower based on first order kinetics. Most proteins found in the
analysed wastewaters were between 10 and 100 pum, although they were still less



concentrated than 200 mg COD/L. These particulate proteins might contribute some
COD during the anaerobic phase, but their hydrolysis is even slower than that of soluble
proteins. The hydrolysis of particulates was undetectable in our assays, which were
performed at fully mixed conditions. Depending on the protein-granule interaction
during plug-flow feeding applied in full-scale installations, anaerobic hydrolysis of
particulate proteins could differentiate from our findings.

Even though amino acids are theoretically suitable EBPR substrates, their contribution
to EBPR in AGS systems treating domestic sewage will be modest, simply because their
concentration in the influent is very low, and they are also slowly released during
hydrolysis of proteins. Similarly, negligible concentrations of soluble carbohydrates
were measured in domestic sewage. As a result, carbohydrate uptake will rely on the
generally low hydrolysis rate of larger particulates as well. A small impact of particulate
COD on EBPR in municipal AS plants has been observed, although some impact of
particulate COD on biomass growth and denitrification was shown as well (Drewnowski
and Makinia, 2014; Jabari et al., 2016). In AGS, the contribution of particulates to EBPR
is probably lower than in AS due a limited substrate-sludge contact.

5.4.3 | Considerations on granule stability

The slow hydrolysis of proteins in domestic wastewater, and the resulting limited
anaerobic conversion, imply that proteins are likely present in the aerobic stage too.
Hence, proteins will be partly hydrolysed aerobically, which could be problematic for
granule morphology (de Kreuk et al., 2010; Pronk et al., 2015a). The rbCOD made
available aerobically due to protein hydrolysis can be estimated from the anaerobic
protein uptake rates measured in this study, assuming protein hydrolysis rates to be
similar between anaerobic and aerobic conditions (Goel et al., 1998b). Considering,
again, 8 g VSS/L of granules and a soluble protein concentration of 200 mg COD/L in the
bulk liquid, around 32 mg COD/L of proteins could be hydrolysed during a 4 hour long
aerobic period. A more realistic soluble protein concentration of 20 mg COD/L in the
bulk liquid during the aeration phase, would only result in 4 mg COD/L of rbCOD released
aerobically during 4 hours of aeration, assuming first order kinetics. Some additional
rbCOD will likely be released by particulate proteins, but with an even lower rate.
Moreover, there is increasing evidence that the stability of aerobic granules is
determined by the proportion of COD that is stored anaerobically, rather than by the
absolute aerobic COD consumption (Campo et al., 2020; Haaksman et al., 2020; Sguanci
et al., 2019; van Dijk et al., 2022). Aerobic utilization of proteins is unlikely to pose a
threat to the stability of AGS treating municipal wastewater, as long as enough COD is
stored anaerobically. When a large fraction of rbCOD is stored by PAO and GAO, these



organisms will still outcompete ordinary heterotrophs, even if some rbCOD is available
during the subsequent aerobic phase (Haaksman et al., 2020). The results of this study
evidence that aerobic granules are suited to take up a large variety of substrates, which
would act together with VFA as granule-forming substrates. In this scenario, aerobic
uptake of the COD slowly produced from proteins would only lead to marginal growth
of filamentous organisms on the granule surfaces, and to the proliferation of a flocculent
biomass fraction, easily controlled through selective sludge discharge (Haaksman et al.,
2020; van Dijk et al., 2022).

In some scenarios, however, aerobic conversion of polymers could be of concern. For
instance, in very low-strength wastewaters, or wastewaters containing unusually low
VFA concentrations. Then, it will be important to stimulate anaerobic hydrolysis and
uptake of hydrolysates. To maximise anaerobic hydrolysis, the length of the anaerobic
feeding phase should be increased, and possibly the feeding strategy adjusted, to
enhance the contact between substrate and granules during anaerobic conditions.
Sguanci (2019) and Campo (2020) achieved stable operation and smooth granules with
very low COD concentrations, by increasing the anaerobic feeding time and adding an
anaerobic mixed phase after plug-flow feeding, to maximize anaerobic COD storage
(Campo et al., 2020; Sguanci et al., 2019). In case of low-strength wastewater, polymeric
substrates could not only be harmless, but also beneficial for EBPR if the appropriate
operation conditions are applied.

5.5 | CONCLUSION

Our batch tests highlight the versatility of AGS in terms of substrate uptake. A wide range
of monomeric substrates, including VFA, organic acids and amino acids, can be stored
under anaerobic conditions and potentially contribute to EBPR and granule formation.
Some substrates, like carbohydrates, can still contribute to AGS stability without
supporting EBPR, by selecting for slow-growing organisms. Polymeric substrates as
proteins may be consumed by AGS microorganisms and contribute to EBPR too. Yet, low
hydrolysis rates were measured at the protein concentrations similar to those found in
most domestic wastewaters. The anaerobic uptake of proteins will therefore be modest,
but the low consumption rates also imply that their aerobic consumption will not
challenge granule stability in most scenarios.
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SUPPLEMENTARY INFORMATION

Supplementary information 1: Total COD uptake, P release and PHB
production in all the assays performed.

The anaerobic substrate uptake assays described in this article were performed in
different days, using granules from different samplings. The activity of the granules
varied between days, and therefore the uptake of all the substrates tested was
normalized against the uptake of acetate to allow comparison across days and simplify
visualizations. In this section, the absolute values of COD uptake, P release, and PHB

production are presented.
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Figure S5.1.1. COD uptake (top) and P release (bottom) of aerobic granules incubated with
different C sources for 2 hours. The plot is separated in 6 sections, delimiting 6 different assays,
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performed with sludge sampled in different days. Acetate samples were analysed in every assay,
and the corresponding C uptake and P release values are shown in the first position of each
section. The colors in the axis text indicate the type of C source (red = VFA and fermentation
products; green = carbohydrates; blue = amino acids and proteins; orange = lipids).
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Fig $5.1.2. PHB production upon incubation with different C sources for 2 hours. The plot is
separated in 5 sections, delimiting 5 different assays, performed with sludge sampled in
different days. Acetate samples were analysed in every assay, and the corresponding PHB
production values are shown in the first position of each section. The colors in the axis text
indicate the type of C source (red = VFA and fermentation products; green = carbohydrates; blue
= amino acids and proteins; orange = lipids).



Table S5.1. COD uptake capacity of AGS and the associated P release and PHA production in each
of the performed assays.

COD PHB PHV
Assay uptake P release production production
date Substrate mg COD/g  mgP/g VSS mg PHB/g mg PHV/g
VSS VSS VSS
13-07-20 Acetate 47.35 18.54
Propionate 43.07 14.66
Butyrate 25.62 4.54
Blank -8.64 0
20-10-20  Acetate 57.58 19.64 41.76 13.66
Glycine 13.21 11.22 0.16 8.08
Leucine 11.16 1.74 0.70 -1.86
Casein AA 62.48 16.18 1.55 4.44
Oleate n/a 1.11 0.53 -2.16
Blank -4.08 0.85 -0.17 -2.43
01-12-20 Acetate 40.29 16.93 17.73 3.90
Glutamate 18.17 6.23 0.59 0.70
Starch n/a 2.20 0.42 0.14
Casein 36.84 3.40 0.94 0.87
QOil (high oleic) n/a 1.67 1.21 0.07
Blank -10.29 1.79 -0.09 -0.40
21-09-21 Acetate 21.93 8.76 14.54 6.64
Glucose 21.51 3.10 0.77 6.25
Maltose 19.30 2.73 -0.03 2.36
Starch n/a 1.97 0.44 0.70
Xylose 4.10 2.12 -0.05 1.28
Casein AA 8.51 4.14 0.45 2.76
Blank -4.39 1.44 -0.01 0.58
28-09-21 Acetate 28.74 8.72 16.54 3.98
Lactate 16.69 4.36 3.07 5.66
Succinate 6.94 1.85 0.39 1.22
Ethanol 8.84 1.79 1.99 2.19
Aspartate 8.21 2.67 0.41 0.64
Casein AA 23.35 5.09 2.05 2.56
Blank -4.25 1.35 0.25 0.21
15-12-21 Acetate 10.54 15.52 19.74 6.54
Propionate 21.86 14.34 0.33 21.82
Butyrate 12.20 12.52 3.77 4.47
Glycine -11.87 10.28 1.10 5.55

Blank -19.15 8.32 1.74 2.24



Supplementary information 2: PO,> and NH;' profiles measured during

anaerobic substrate uptake tests

PO4 concentration (mg P/L)
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Figure S5.2. PO4-P and NHs4-N release in anaerobic batch tests. The assays were performed with
acetate, casein hydrolysate, soluble casein, colloidal casein and particulate casein. A blank was
also analysed to account for endogenous P and N release. Each of the data points in the graphs is
the average of triplicate samples; error bars indicate standard deviation between triplicates.
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6

Outlook



6.1 | FOREWORD

The goal of this thesis was to assess the ability of aerobic granules to convert polymeric
substrates, and evaluate the significance of these substrates for granule stability and
nutrient removal during the treatment of domestic wastewater. In this section, the
insights gained throughout the previous chapters are combined to draw a general
picture of polymeric substrate degradation in AGS. The remaining research gaps are
discussed and future research directions are proposed.

6.2 | ANAEROBIC CONVERSION OF POLYMERIC
SUBSTRATES

A main objective of this thesis was to evaluate if polymeric substrates can be converted
and stored anaerobically by AGS microorganisms, to be used for granule growth and
nutrient removal. Considering hydrolysis to be the rate limiting step in the
biodegradation of polymeric substrates, the emphasis was put on the location and the
rate of hydrolysis. The hydrolytic activity assays described in chapters 2 and 3 localized
the activity of four large enzyme groups (protease, lipase, and a- and B- glucosidases) in
the AGS bed. They revealed that hydrolysis mainly occurred associated to the biomass,
rather than in the bulk liquid, similar to previous studies on activated sludge (Confer and
Logan, 1998a; Frglund et al., 1995; Karahan et al., 2006). As a consequence, conversion
is influenced by the transport of polymers from the bulk to the biofilm, where they can
be hydrolysed. Polymeric substrates diffuse slowly due to their high molecular weights,
and depending on their size they might even be excluded from the granule matrix (van
den Berg et al., 2022b). Hence, the available surface area of the biomass is determinant
for the hydrolysis rates that can be achieved in AGS reactors. The increase in biomass-
specific hydrolytic activity with decreasing granule size, as reported in chapter 4, reflects
this surface area dependency of hydrolysis. Also the flocs, with their open structure,
harbour high hydrolysis capacities compared to the other biomass fractions.

The anaerobic conversion of polymeric substrates by the AGS biomass fractions should
be assessed considering the specific hydrodynamic conditions during feeding, i.e. mixing
of the reactor content is minimized and the sludge bed is settled and stratified (van Dijk
et al., 2020). Most likely, only the particulates that are hydrolysed by granules can be
used by the micro-organisms within these granules during the anaerobic phase. For this
reason, the measured hydrolytic activity of the granules is of significance for the AGS
system, even if their biomass-specific activity is lower than that of flocculent sludge. In
the SBR cycle commonly applied in AGS reactors, the anaerobic feeding phase is short
(typically 1 hour), and thus high hydrolysis rates are needed to provide a significant



anaerobic COD storage by PAO or GAO, when polymeric substrates are supplied. The
results of this thesis provide an insight on the magnitude of the hydrolysis rates that are
attainable at different substrate concentrations (Table 6.1). Hydrolysis rates were
measured under anaerobic conditions, but similar rates are expected aerobically, based
on previous studies that found no effect of redox conditions in hydrolysis rates (Boczar
et al, 1992; Goel et al., 1998b).

Table 6.1. Hydrolysis rates measured in this thesis.

Substrate Substrate WWTP Measurement  Hydrolysisrate  Total substrate
type concentration method (mg COD/g hydrolysable
in the assay VS/h) during 1 h of
(mg COD/L) feeding
(mg COD/L)
. 15225 Garmerwolde  Colorimetric 30.8 653
Lipase
15225 Epe Colorimetric 16.5 403
- . 339 Garmerwolde  Colorimetric 6.2 164
glucosidase
a- 339 Garmerwolde  Colorimetric 2.9 76
glucosidase 339 Utrecht Colorimetric 1.8 31
Amylase 79.1 Utrecht Fluorescent 2.8 48
2740 Garmerwolde  Colorimetric 31.0 573
2740 Epe Colorimetric 36.7 896
2740 Utrecht Colorimetric 38.8 653
Protease 219 Utrecht Colorimetric 4.2 71
200 Utrecht P release 0.7 17
22 Utrecht Fluorescent 0.4 7
4.1 Utrecht Fluorescent 0.2 3

The influent concentration of polymeric substrates, and especially soluble polymers, in
domestic wastewater is low, as measured in chapter 5 and reported in previous studies.
An average of 37 mg COD/L of soluble proteins (median 38 mg COD/L) and 25 mg COD/L
of soluble carbohydrates (median 10 mg COD/L) have been reported (Table 5.2). The
attainable hydrolysis rate with those substrate concentrations is too low to significantly
contribute to anaerobic COD storage, but particulate and colloidal substrates could
supplement some COD when hydrolysed anaerobically. The micro-organisms within the



granules are able to take up a wide range of C-sources which would derive from the
hydrolysis of polymeric substrates (saccharides, amino acids, organic acids) (Chapter 5).
Moreover, PAO and GAO were found near hydrolysis sites, indicating that they might
have access to hydrolysis products (Chapter 4). Overall, the results presented in the
different chapters indicate that granules have the enzymatic and metabolic potential to
convert, and store, polymeric substrates anaerobically. The actual utilization will be
mainly limited by hydrolysis rates, which heavily depend on substrate concentration and
substrate-sludge contact.

The conclusions of the assays with model substrates may be complemented with studies
using more complex substrate mixtures, such as real wastewater or complex synthetic
wastewaters (e.g. the synthetic wastewater recipe developed by Gonzalez-Ortega et al
(Gonzalez et al., 2021)). The substrate uptake in these complex influents could be
studied using indirect techniques such as respirometry or P release tests, similar to those
applied in chapter 5. Furthermore, a detailed description of substrate concentration-
dependent hydrolysis kinetics would enable a better prediction of hydrolysis rates as a
function of wastewater strength. In addition, the fate of particulates should be studied
further, given that they are more abundant than soluble polymers in domestic
wastewater. An important aspect to elucidate is how significantly particles interact with
granules during the anaerobic feeding phase, which has yet only been addressed by a
very limited number of studies (M. Layer et al., 2020; Ranzinger et al., 2020). These
studies suggest that particulate attachment is minimal during plug-flow, which would
greatly limit the anaerobic storage of particulate COD. However, more research is
needed to comprehend the behaviour of different particulates in the AGS granule bed.
Not only during the plug flow; the attachment of substrates to granules during turbulent
flow conditions is also not well understood. Substrates attached during aeration could
also be hydrolysed and stored during the subsequent anaerobic phase, if they are not
fully converted within one SBR cycle.

6.3 | AEROBIC CONVERSION OF POLYMERIC SUBSTRATES

Three full-scale AGS plants treating domestic wastewater were described in this thesis.
Moreover, the full-scale WWTP of Epe was studied during two periods, with different
wastewater compositions that mainly differed in the fraction of particulate substrates.
In all these plants, AGS operation was stable, the granule beds consisted of large average
granule diameters, and granules only exhibited a few irregularities on their surface.
During the full-scale study of WWTP Epe, higher denitrification rates were observed
during increased particulate COD loading, suggesting that particulate COD could support
denitrification. A high proportion of particulate COD did not correlate with irregular



granules or unstable performance of the full-scale AGS process. Unstable granule
growth in the presence of particulates is attributed to the low concentrations of roCOD
available during aeration (de Kreuk et al., 2010). Even though our assays targeted
anaerobic conversions of polymeric substrates, the determined low uptake rates
indicate that polymeric substrates will be available during the aerobic period as well.
Therefore, granule stability issues could have been expected, and yet no such thing was
observed. There are a number of hypotheses that could explain why the granules
remained stable even at elevated sbCOD availability during the aeration phase:

The aerobic substrate loading is low in real wastewater. Hydrolysis usually follows

first order or Michaelis-Menten kinetics, and polymers are found in low
concentrations in domestic wastewater. The polymeric substrate concentration will
even be further reduced due to the mixing of the reactor content at the beginning
of the aeration phase. Considering a typical exchange ratio of 30%, the
concentration in the reactor is diluted three times at the start of the aeration.
Hence, low aerobic hydrolysis rates can be expected. In Chapter 5, casein was used
as a reference polymer; possibly, many of the polymeric substrates in domestic
wastewater would reveal a different biodegradability. A detailed characterization
of the size, composition and biodegradability of wastewater particles could help to
evaluate the extent of their aerobic degradation and thus their contribution to
possible irregular granule growth.

Moderate aerobic COD consumption is tolerable. As long as enough COD is stored

anaerobically, slow-growing organisms are favoured over OHOs. Haaksman et. al
cultivated lab-scale AGS, with varying concentrations of soluble COD available
during the aerobic phase. They concluded that the granule structure remains stable
with an aerobic supply of up to 20% of the COD, which would mean that the aerobic
hydrolysis of a moderate pCOD fraction is compatible with stable granulation. In
their study, acetate was supplied continuously to mimic a slow release of COD. The
COD distribution may be somewhat different when COD is released from particulate
hydrolysis. Moreover, the hydrolysis of influent particulates renders other products
than VFA, especially in aerobic conditions where fermentation is less likely. These
compounds might be taken up by microorganisms with a different maximum
growth rate and hence have a different impact on granule structure. Overall, more
research is needed to evaluate what percentage of aerobically available COD is
permissible in order to maintain the structural stability of aerobic granules.

Particulates are captured by protozoa, reducing the amount of particulates that are

available in granule surfaces. Early research on AGS found protozoa to significantly
take up particulates in the granule surfaces (N. Schwarzenbeck et al., 2004; Norbert



Schwarzenbeck et al., 2004). Various AGS studies have since reported a strong
protozoa presence in AGS fed with high particulate concentrations (Barrios-
Hernandez et al., 2020; de Kreuk et al., 2010; Li et al., 2013; Weber et al., 2007).
Schwarzenbeck et al. (2004) followed fluorescent tracer particles in AGS, and found
that they were almost completely taken up by the protozoa attached to the granule
surface; particles did not reach the biofilm surface. They employed high influent
COD concentrations (1.7 g/L on average), and the granules were completely
covered in protozoa. Protozoa are generally less abundant in full-scale granules, but
they are present in most granules and likely graze on particles, reducing the
availability of particles on the granule surface during aeration. Chapter 2 also
described an observed increase in protozoa concentration upon an increase in
influent particulate concentration. Moreover, protozoa were fluorescently labelled
after incubating granules with BODIPY-casein (Figure 6.1). The conversions of
particulates by protozoa have not been studied in detail and their contribution to
particulate removal has not been quantified. Given their ubiquity and their possible
relation with granule stability, protozoa activity deserves further attention.

Figure 6.1. Cross-section of a Bodipy-casein stained granule, imaged by epifluorescence
microscopy. Fluorescent areas indicate protease activity. The arrow points to a fluorescently
labelled stalk of protozoa attached to the granule surface.

Flocs could also contribute to capturing particulate substrates. It has been

speculated that flocs are important for AGS stability after consistently finding a floc
fraction accompanying granules in reactors fed with complex substrates (Derlon et
al., 2016; Layer et al., 2019; Liu et al., 2010). The presence of flocs enhances the



retention of suspended solids in AGS reactors (M. Layer et al., 2020), and the flocs
discharged via the selective spill contain a high biogas potential similar to that of
primary sludge, indicating a significant unconverted particulate COD content (Guo
etal., 2020). This thesis found a high hydrolytic activity in flocs, which also increased
in response to increased influent particulate concentrations. Flocs appeared to be
more adapted for the degradation of particulate substrates than granules. Their
contribution to sbCOD removal is probably most relevant during aeration, when the
reactor contents are mixed and the influent substrates are accessible to all sludge
fractions. Not only capturing the sbCOD by flocculent sludge, also their high
hydrolytic capacity and limited mass-transfer resistance allow them to consume
aerobically available rbCOD at a higher rate than granules. Thus, flocs probably
indirectly improve granule stability, similarly as protozoa, by consuming the
aerobically available COD and limiting its access to granules. They might also utilize
particulate substrates for denitrification, improving biological nutrient removal. For
a better understanding of the function of flocs in AGS, their physical interaction with
particulates and their nutrient removal behaviour should be clarified.

Even though this study did not find detrimental effects of polymeric and particulate
substrates in mature full-scale AGS, there are some scenarios in which these compounds
could be of concern. For instance, in settings where the VFA loading from the influent
wastewater is low, aerobic growth on polymeric substrates could be a challenge to AGS
stability. In these cases, anaerobic hydrolysis should be stimulated, as discussed in
chapter 5. Another special condition would be start-up. During the initial phases of start-
up (lag phase), more attention should be given to the selection of granules over flocs
(van Dijk et al., 2022). van Dijk et al. (2022) predicted that ample floc formation during
the lag phase, causes spillage of proto-granules before they grow into small granules
that can preferentially be retained in the reactor. In this context, preferential growth of
flocculent sludge due to high hydrolytic activity and preferential capturing of polymers
and particulates, will slow down the granule formation process. This hypothesis is
underlined by the observation made at Garmerwolde WWTP, where biomass-specific
hydrolysis was at least twice as high in flocs compared to granules (Chapter 3). To
overcome the challenges of granulating with wastewaters with a large fraction of slowly
biodegradable COD, readily biodegradable COD could be supplemented anaerobically.
That may be done by including a pre-fermentation tank for the influent, or by dosing
VFA temporarily during start-up, for example from an external waste source or locally
produced by fermentation of a fine sieved influent cellulose fraction. Another strategy
would be seeding the reactor with (a fraction of) granules, to skip the lag phase and
therefore avoid having to select proto-granules formed from flocs (Sguanci et al., 2019).



6.4 | THE ROLE OF HYDROLYTIC ENZYMES IN THE GRANULE
CORE

Even though hydrolysis is generally mass-transfer limited, and the model substrates
used were only hydrolysed in the outer layer of aerobic granules, hydrolytic enzymes
were localized throughout the granules (chapter 4). Hydrolytic activity visualisation was
used in this work as an indicator of where influent substrates are degraded.
Nevertheless, it is unlikely that the enzymes in the granule core have access to
substrates from the influent. First, small polymeric substrates are not very abundant in
domestic wastewater, and the diffusion of larger particulates is most likely very limited
(van den Berg et al., 2022b). Second, even when diffusible substrates are present in
relatively high concentrations, they are degraded at the granule surface due to higher
conversion than transport rates. Thus, the total hydrolytic potential of aerobic granules
should not be regarded as a measure of their ability to degrade influent polymers, since
not all the hydrolytic enzymes might be accessible to influent substrates.

1mm 1 mm

Figure 6.2. Light and fluorescence microscope images of Utrecht granule sections containing
inclusions in their matrix. The first and third images were taken with bright field microscope. The
second and fourth show intrinsically fluorescent areas in granules, seemingly fibers and other
inclusions, captured with an epifluorescence microscope at Ex/Em 546/575-640 nm.

It is possible that extracellular enzymes located deeper in the granules degrade some of
the particulates in wastewater if those were overgrown by biomass. It is not uncommon
to find fibres and other inclusions embedded in granules (Figure 6.2). Most likely, the
hydrolytic enzymes located deeper in the granules are also involved in the degradation
of cell decay products and extracellular polymeric substances (EPS) (Seviour et al., 2019).
The EPS composition of AGS remains poorly understood, due to its complexity and the
limitations of the commonly used characterization methods. In order to advance
towards a circular economy and improve biofilm control strategies, it is essential to
characterize the synthesis and composition of EPS (Seviour et al., 2019). In this context,



the extracellular enzymes and their potential to transform EPS components should not
be overlooked.

Extracellular enzymes could be researched further in full-scale AGS, but a lab-scale setup
would offer a more simplified scenario to study the synthesis and activity of these
enzymes in detail. Lab-scale reactors allow monitoring hydrolytic activity changes as a
response to changes in influent particulate concentrations, in a more controlled setting
than in full-scale reactors (as the one described in chapter 2). More advanced analytical
methods than those employed in this study would contribute to characterize hydrolytic
enzymes in aerobic granules. For instance, FTIR imaging, Raman microscopy, or CLSM
(combined with lectin or antibody staining) could be used to co-localize EPS compounds
with respect to hydrolytic enzymes (Lin et al., 2018; Neu and Kuhlicke, 2017; Seviour et
al., 2019; Wagner et al., 2009). Genomic and proteomic analyses would provide more
detailed characterization of hydrolytic enzymes in AGS (Zhang et al.,, 2015). The
metabolism of hydrolysers can be researched through in situ physiology approaches
(e.g. MAR, gSIP, NanoSIMS, BONCAT), and linked to their identity by FISH or genomics
(Hatzenpichler et al., 2020; Neu et al., 2010). These techniques would contribute to
clarifying the metabolism of different microorganisms in AGS without long-term lab-
scale reactor operation. For instance, the activity of PAO and GAO may be assessed, to
study the differences between classical genera (Ca. Accumulibacter, Ca. Competibacter)
and their fermentative counterparts (Tetrasphaera, Propionivibrio, Dechloromonas,
Micropruina).

Overall, this thesis indicates that polymeric substrates in domestic wastewater pose a
low threat to AGS stability. In most scenarios, low hydrolysis rates can be expected in
granules, leading to low aerobic substrate loading. Still, the microbial community and
hydrolytic enzyme content of AGS enables the utilization of diverse polymeric
substrates. Polymeric substrates in domestic wastewaters, however, comprise a
heterogeneous group of compounds, and their degradation extent will be impacted by
various factors, such as their molecule type, concentration and substrate-sludge
contact. The earned knowledge about the capacity and location of polymeric substrate
conversion can guide future research into how to control the degradation of this slowly
biodegradable wastewater fraction. Combining assays based on model labelled
substrates, and assays that measure substrate uptake indirectly (via P and N
measurements, sludge production, storage polymer formation, etc.) constitutes an
effective approach to study polymeric and particulate substrate conversions in AGS

systems.
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